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Sullied Sediments 
Sediment Assessment and Clean Up Pilots in Inland Waterways in the 
North Sea Region 
 

Many of the inland waterways in Europe are under threat due to the introduction of 

Watch List chemicals that are not currently regulated under the European Water 

Framework Directive. These chemicals enter our waterways as a result of our day-

to-day activities and through industry and agriculture, and many have been shown 

to be harmful to wildlife and the wider aquatic environment. Regardless of their 

source, these pollutants accumulate in the sediments in our rivers and canals over 

time.  

Water regulators and managing authorities do not always know the levels, locations 

or impacts of these pollutants. Nor do they have the tools to assess sediments 

confidently and make informed environmental management decisions. To address 

these issues, the Sullied Sediment project partnership of scientific experts, regulators and water managers is 

developing and testing new tools that will enable stakeholders to better assess, treat and prevent contamination 

from these chemicals. This work is being carried out at selected sites in the Elbe, Humber and Scheldt river 

catchments.  

The intention of the Sullied Sediments project is therefore to help regulators and 

water managers make better decisions with regard to the management, removal 

and disposal of sediments, thereby reducing economic costs to private and public 

sector organisations, and the impact of these pollutants on the environment.   

The partnership is also working to reduce the extent of chemicals entering the 

water system by raising awareness about what we, as consumers, are releasing 

into the environment through the use of common drugs and household products. 

This includes the involvement of volunteers in a sediment sampling initiative 

across the North Sea Region, which will inform and empower them as water 

champions in their local communities. 

The Sullied Sediments project has been co-funded by the European Regional Development Fund through the Interreg 

VB North Sea Region Programme with match funding from the 13 partners involved. The project partnership 

includes public, private, community and voluntary sector organisations based in the United Kingdom, Germany, 

Belgium and the Netherlands. 

The project has been supported under the Interreg VB North Sea Region Programme’s third priority, which is focused 

on a Sustainable North Sea Region, and is led by the University of Hull (UK). 

 

Website: northsearegion.eu/sullied-sediments 

Blog: sulliedsediments.wordpress.com 

Twitter:@SulliedSediment 
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 Executive Summary/Abstract 
 

Setting. The North Sea region is one of the most densely populated areas worldwide, encompassing catchments of 

several large rivers. Sediment pollution has become problematic for navigation, nature development and other 

interventions in this region. Over the years, risks have been assessed in different ways. Well-standardised chemical 

detection techniques allow comparison across systems. By contrast, toxicological assays are not routinely applied, 

involve region-specific testing procedures and include a few species only. Ecological surveys differ even more across 

regions and over time. Data from chemical, toxicological and ecological monitoring often contradict each other, 

displaying large effects at low concentrations and vice versa. Usually, water management is recommended to 

combine all monitoring techniques and assess pollution using a weight of evidence approach. Suggestions to subject 

discrepancies by an in-depth experimental investigation are rarely followed because of financial, time and other 

constraints. Alternatively, to facilitate interpretation of monitoring and additional analyses, modelling may be 

employed, the more so as modelling also allows one to estimate improvements following prevention or remediation. 

In the present study we used the framework of the OMEGA model and some elements of the SIMPLEBOX model. 

Objectives. Consequently, we aimed to compare and interpret chemical, toxicological and ecological monitoring 

across countries, authorities and systems based on frequently used modelling tools linking chemical concentrations 

to biological effects. 

Single-species. Monitoring data were obtained from programmes carried out in Flanders and the Netherlands. Based 

on different approaches, we converted total sediment concentrations to pore water levels. We subsequently 

translated water concentrations to effects using a database on effect concentrations of 12836 chemicals. The total 

effect of all substances for a tested species was calculated and compared to measured survival in lab assays. 

Depending on the region and species, 40-90% of the toxicity could be attributed to the chemical substances 

identified. The variability in observed effects decreased substantially by fitting chromium, tin, ammonia and 

phosphate availability and toxicity to field data. 

Multi-species. We also computed the potentially affected fraction of species expected from the measured 

concentrations. No correlation to macrofauna abundance in field surveys could be established. Yet, low diversity 

was observed in the field if the fraction of potentially affected species was small. While relationships between 

chemical and ecological monitoring have been firmly established for the water phase, sediments will require a more 

in-depth analysis in future. 

Ecosystem services. As functioning of ecosystems is equally important as their structure, we also explored ways to 

extrapolate measured concentrations to ecological productivity and ecosystem services. While benefits that humans 

receive from nature have become crucial indicators for impact of anthropogenic pressures (e.g., in the global 

Millenium Assessment), impact of chemical pollution on ecosystem services has, so far, not been assessed. We 

showed, for the first time, how financial benefits for humans from improving ecosystems by reducing chemical 

concentrations can be calculated. While our relationships have not extensively been underpinned empirically, 

expressing benefits of emission prevention and sediment remediation in financial terms is likely to increase 

management priorities for chemical problems. 

Recommendations. To cost-effectively reduce emissions and remediate polluted sediments, one needs to know 

the substances and sites that contribute most to the effects. Based on the present study, we therefore recommend 

to: 

1. Increase the number of chemical substances analysed in monitoring programs. 

In particular, chromium, organotin, phosphates and ammonium might be included. Additional physical-chemical 

characteristics of sediments not measured in current programmes but demonstrated to be important in transfer 

functions might decrease discrepancies between chemical and toxicological monitoring as well. 

2. Identify problematic substances and sites using the simple models of the present study. 
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The model for widely applied indicators of toxicity (TU, PAF) as developed and used here provide a simple tool of the 

overall impact 

3. Cautiously extrapolate concentrations of chemicals to ecosystem services, empirically underpinning the steps 

outlined. 

4. Assess water and sediment quality by implementing our tools in monitoring databases in water management. 

Management. To facilitate implementation of these recommendations by water management, the website 

https://www.ru.nl/environmentalscience/research/themes-0/human-environmental-risk-assessment-hera/models/ 

provides all underlying data, (beta-versions of) models used, scientific papers, links to related activities (e.g., on 

water rather than sediment) and videos, so far used in various projects. Specific information on the application in 

Sullied Sediment is available at  

https://www.ru.nl/environmentalscience/research/themes-0/human-environmental-risk-assessment-

hera/models/societal-applications-us/sullied-sediments/ 

We have organised and participated in workshops involving different stakeholders and assist in application and 

implementation by end-users. 

Research. The above-mentioned suggestions for research will be addressed in programmes for the 

SIMPLEBOX/TREAT and OMEGA models linking chemical emissions to ecological and health effects (See same 

websites). 
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1. Introduction 
Pollution assessment. With human population density increasing exponentially with proximity to water, river areas 

are home to billions of people (Small and Cohen, 2004). One of the most densely populated areas worldwide is the 

North Sea region, encompassing catchments of several large rivers including the Rhine, Elbe, Scheldt and Humber. 

These river basins receive increasing amounts of agricultural, industrial and household chemicals that are ultimately 

deposited in sediments, posing threats to plants, animals and humans. Over the years, various tools have been 

developed to assess and manage pollution. So far, most efforts were directed to the water compartment. Modelling 

and monitoring of sediments have received less attention due to lower visibility and higher complexity. Despite 

decades of projects, sediment assessment still differs substantially across countries, regions, authorities and 

systems. 

Chemical, toxicological and ecological monitoring. Traditionally, water and sediment quality has been monitored 

separately based on chemical analysis of approximately 100-200 substances (Hendriks and Van De Guchte, 1997). 

Improved detection techniques and well-standardised protocols allow comparisons across systems, but mixture 

assessments lack. By contrast, toxicological assays address the whole mixture risks but are not routinely applied, 

involving region-specific testing procedures and including only a few species. Ecological surveys differ even more 

across regions and over time but would cover impacts of both mixtures as well as other stressors. Simultaneous 

application of these three monitoring techniques to sediment pollution, known as the TRIAD approach, has been 

proposed to ‘harvest’ the advantages while in combination solving the limitations of each method (Chapman, 1990, 

Van de Guchte, 1992). 

Chemical modelling. Similar differences apply to models. Decades of development have yielded fate models for 

specific geographic areas and chemical substances that are well-established in science and well-embedded in 

management (Laane et al., 2011). If time, resources or data do not allow for detailed calculations, overall 

estimations can be obtained by multimedia fate models. In the EU and UN, SIMPLEBOX/TREAT is the preferred fate 

model for risk assessment of substances and life cycle analysis of products (Schoorl et al., 2015). SIMPLEBOX/TREAT 

was conceived at the National Institute for Public Health and the Environment (RIVM) and further developed at 

Radboud University (RU). The model is especially useful in relating emissions to concentrations. Some relationships 

(e.g. partitioning) may also be applied stand-alone to calculate concentrations in (pore-)water from total sediment 

levels. Yet, sediment organisms take in pollutants mainly in the dissolved phase, potentially varying by more than an 

order of magnitude due to changes in physicochemical conditions (Vink and Hendriks, 1999). 

Ecotoxicological modelling. While many ecotoxicological models have been developed for specific cases, few have 

been applied across (groups of) chemical substances, biological species and geographic regions (Hendriks and Van 

Straalen, 2019). So far, none of these ecotoxicological models has been embedded in international frameworks to 

the same extent as SIMPLEBOX/TREAT for chemical fate. As an alternative, the OMEGA model was developed, 

providing management with a tool to assess the accumulation of substances and subsequent impacts on populations 

and communities. Based on water or sediment concentrations entered by a user, OMEGA calculates concentrations 

in organisms along the food chain and abundances of populations and communities (Knoben et al., 1998, Hendriks et 

al., 2001, Hendriks et al., 2005). OMEGA has been developed in BSc-, MSc- and PhD-projects for governmental and 

industrial stakeholders, covering inhalatory, aqueous and dietary exposure of aquatic and terrestrial species to 

organic and inorganic substances in temperate and polar regions (Models - Environmental Science (ru.nl)). In 

science, reliability and plausibility of OMEGA were confirmed by benchmarks (Traas et al., 2004, Stadnicka et al., 

2012, Ardestani et al., 2014) and widespread dissemination and application were demonstrated by 5000+ citations to 

papers describing the model and data. In society, OMEGA was implemented in Dutch legislation on sediment and 

soil pollution as part of the risk toolbox (VROM, 2007, Hin et al., 2010, Knoben and Snijders, 2010). Consecutive 

versions 1.0 to 7.0 were made available to managers and consultants (Durand-Huiting, 2001, Durand-Huiting, 2004). 

Over the years, (parts of) OMEGA have been applied for management and research purposes by third parties in the 

Netherlands and abroad of which 20+ projects could be traced in a quick scan (Models - Environmental Science 

(ru.nl)). Recently, specific tools with similar options have been developed for surface water (Posthuma and de Zwart, 

https://www.ru.nl/environmentalscience/research/themes-0/human-environmental-risk-assessment-hera/models/
https://www.ru.nl/environmentalscience/research/themes-0/human-environmental-risk-assessment-hera/models/
https://www.ru.nl/environmentalscience/research/themes-0/human-environmental-risk-assessment-hera/models/
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2012, Posthuma L et al., 2016a, Posthuma L et al., 2016b, Posthuma et al., 2016, Verschoor et al., 2017, Posthuma et 

al., 2019b)). 

Ecosystem service modelling. Ecosystem services (ESs) are ‘the benefits that people can obtain from ecosystems’ 

(Millennium Ecosystem Assessment, 2005). As a connecting medium, sediments provide a variety of valuable ESs 

within aquatic systems (e.g. habitat provision, nutrient recycling and flood protection) (Apitz, 2012). Vice versa, 

contaminated sediments have the potential to pose ecological and human health risks. Therefore, strategies for 

evaluating chemical risks in waterways should consider effects on ESs regarding the sustainability of ecological, 

socio-cultural and economic objectives (Backhaus et al., 2012). Expression of ESs in monetary units has become an 

essential tool in the context of sustainable ecosystem management (Costanza et al., 2014). However, most 

valuations applied a book-keeping and pragmatic approach based on applicability to each specific ES and data 

availability (Brouwer et al., 2013). Yet, this is unfeasible for countless pressures and ecosystems. Consequently, 

quantification has been limited to a small number of ESs, calculated for a few regions only. The impacts of sediment 

pollution on a broad range of ESs have not been assessed. 

Gaps. Monitoring and modelling of chemical, toxicological and ecological indicators is needed to identify both the 

cause and significance of sediment pollution. However, major knowledge gaps exist in terms of methods used and 

results obtained (Chapman, 1989). Chemical, toxicological and ecological monitoring data from the same location 

and period often contradict each other due to the limited number of sites, substances, physical-chemical 

conditions, species, and endpoints covered (Reinhold-Dudok and den Besten, 1999, Oguma and Klerks, 2020). To 

understand such contradictions and, more importantly, to predict changes, various chemical, toxicological and 

ecological models have been developed. However, existing models (e.g. SIMPLEBOX, OMEGA) assume standard 

partitioning, while exposure may vary substantially depending on the different forms that chemicals exist in  (Vink, 

2009). Overall, relations among sediment physicochemical properties, bioassays and macrofauna are scarce, and 

quantitative predictions based thereon remain elusive. Additionally, the ecological and economic impacts of 

sediment pollution on the entire aquatic system have not been quantified. In terms of environmental management, 

although the ultimate goal is to protect species (assemblages) from substance (mixture) exposure in the field, 

practice often focuses only on comparisons between chemical measurement and environmental quality standards 

(EQSs). 

Objectives. Following these gaps, the present study aimed to improve relationships between chemical, toxicological 

and ecological indicators of pollution, interpreting monitoring by modelling across regions and authorities. Our 

comparison allows water managers to underpin and improve (tools for) assessing, preventing and remediating 

sediment pollution. Ultimately, the goal is to reduce the ecological impacts of chemicals as well as of the economic 

costs to private and public sector organisations. To this end, we improved, in particular: 

1. Data collection. Inconsistency between chemical, toxicological and ecological monitoring data has been attributed 

to the small number of sites covered per study. Hence, we collected all data available on sediment pollution in the 

Netherlands and Flanders. Unfortunately, data on similar monitoring programs were unavailable (United Kingdom) 

or confidential (Germany) for the other countries. 

2. Data treatment. New state-of-the-art statistical techniques were to derive correlations, potentially not found 

before. 

3. Chemical modelling. To improve estimations of concentrations in (pore-)water, we compared standard correction 

of sediment with calculations by transfer functions reported in the literature as well as with speciation equations 

derived by ourselves. 

4. Ecotoxicological modelling. Based on the concentrations of all substances in water, we estimated the reduction of 

single-species survival, reproduction or growth and we compared these to independent measurements of 

population effects in lab experiments. Based on the same concentrations in water, we also assessed multi-species 

community impact by calculating the potentially affected fraction (PAF) of species for both single and multi-

substance exposures (yielding multi-substance PAF (msPAF) as metric). PAF, calculated from species sensitivity 

distributions (SSDs), is the standard endpoint for ecological impact in the registration of chemicals, derivation of 
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water-sediment quality standard and assessment of sites. Compared to previous assessments, we substantially 

increased the number of substances covered by using a recently developed SSD database for 12836 chemicals 

(Posthuma et al., 2019b), improving estimations of the relative and cumulative impact of all pollutants. As a 

common statistic in risk assessment, the ecological relevance of PAF has been demonstrated by comparisons with 

community impact indicators (De Vries et al., 2010, Posthuma and de Zwart, 2012, Hoeks et al., 2020). We linked our 

msPAF values to field observations of macrofauna. Additionally, msPAF variability was associated with ecosystem 

services, increasingly used in water management to evaluate interventions but so far have not been used for 

sediment remediation. 

Contents. In this report, we will describe the overall project (Sullied Sediment Activity 8, 9 and 10) at a level relevant 

to a broader audience of managers, policymakers, citizens and other stakeholders involved in sediment pollution. 

Details of the underlying studies relevant to scientists are available as peer-reviewed articles published in journals to 

warrant quality assurance and academic embedding. 
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2. Methods 
2.1 Sampling 
Data on the Waal-Meuse estuary in the Netherlands were taken from the TRIAD monitoring program of 

Rijkswaterstaat (RWS, https://www.rijkswaterstaat.nl/), carried out from 1992 to 1999. Seven regions were included 

for field sampling (i.e. Haringvliet (1995), Hollandsch Diep (1993), Nieuwe Merwede (1992), Dordtsche Biesbosch 

(1993), Brabantsche Biesbosch (1994), Amer (1998), Sliedrechtse Biesbosch (1999)). In each region, sediment was 

sampled at several sites (Postma and den Besten, 2001). 

Data on Flanders were taken from the TRIAD assessment of the Flemish Environment Agency (VVM, www.vmm.be) 

(De Deckere et al., 2000). In total, 438 sites were sampled (Figure 1). Each location was sampled approximately every 

four years in spring (March-June) using a Van Veen grab sampler. 

 

Figure 1. VMM monitoring locations in Flanders with the Yser, Scheldt and Meuse Rivers (taken from Vannevel et al. (2018)). 

Yellow is the catchment area district Meuse. Green is the catchment area district Scheldt. Blue is region of Brussels. Dots represent 

sampling locations ("Monitoring stations"). 

 

2.2 Chemical analysis 
Chemical analysis in the Netherlands was performed as described by Den Besten et al. (1995). 48 chemical 

compounds were analysed including 8 metals, 16 polycyclic aromatic hydrocarbons (PAHs), 13 persistent 

organochlorine pesticides (OCPs), 7 polychlorinated biphenyls (PCBs), 2 chlorobenzenes, mineral oil and extractable 

organic halogenated hydrocarbons (EOX) (Table 1). 

Chemical analysis in Flanders was performed as described by De Deckere et al. (2000). Compared to the Dutch 

dataset, a few PAHs were not measured (Table 1). Yet, other physicochemical sediment characteristics were 

measured including pH, organic matter (OM), clay (including grain sizes) and chalk content, tin (Sntotal), nitrogen (KjN 

and Ntotal), phosphorous (Ptotal) and concentrations of 43 chemicals (Table 1). 

http://www.vmm.be/
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Table 1. List of chemicals measured in the Netherlands and Belgium. 

Chemical Abbreviation NL B Chemical Abbreviation NL B 

cadmium Cd x x pyrene Pyr x x 

mercury Hg x x DDD DDD x x 

copper Cu x x DDE DDE x x 

nickel Ni x x DDT DDT x x 

lead Pb x x dieldrin Dieldrin x x 

zinc Zn x x endrin Endrin x x 

chromium Cr x x aldrin Aldrin x x 

arsenic As x x telodrin Telodrin x x 

tina Sn  x alpha-endosulfan Endosulfan I x x 

acenaphthene Ace x  α-hexachlorocyclohexane α -HCH x x 

acenaphthylene Acy x  β-hexachlorocyclohexane β-HCH x x 

anthracene Ant x  lindane Lindane x x 

benzo(a)pyrene B(a)P x x hexachlorobutadiene HCBD x x 

benzo(b)fluoranthene B(b)F x x heptachlor Heptachlor x x 

benzo(a)anthracene B(a)A x x Hexachlorobenzene HCB x x 

benzo(ghi)perylene B(ghi)P x x Pentachlorobenzene PeCBz x x 

benzo(k)fluoranthene B(k)F x x PCB28 PCB28 x x 

chrysene Chr x x PCB52 PCB52 x x 

dibenzo(a,h)anthracene Db(a,h)A x x PCB101 PCB101 x x 

phenanthrene Phen x x PCB118 PCB118 x x 

fluoranthene Flah x x PCB138 PCB138 x x 

fluorene Flu x x PCB153 PCB153 x x 

indeno(1,2,3-c,d)pyrene InP x  PCB180 PCB180 x x 

naphthalene Naph x x EOX EOX x x 

Oil Oil x x     
a Tin was reported as total Sn and included different organotins (DBySn, DFySn, MBySn, MFySn, TbySn, TfySn and TtBySn). 

 

2.3 Toxicological assays 
In the Netherlands, sediment pore water was tested with Daphnia magna (water flea) (Table 2). Bioassays with D. 

magna (21d) were carried out according to standard methods by counting mortality and reproduction in pore water 

at concentrations of 1%, 3%, 10%, 32%, 56% and 100% (v/v) (Maas et al., 1993, Den Besten et al., 1995). The no 

observed effect concentration (NOEC) for mortality was set at the highest concentration of pore water with a 

mortality of ≤20%. The NOEC for reproduction was defined as the highest concentration of pore water in which the 

intrinsic rate of population increase did not significantly deviate from the control.  

In Flanders, sediment pore-water was tested with Raphidocelis subcapitata (algae) following OECD-guideline No. 201 

(OECD, 1984). The whole sediment was examined with Hyalella azteca (shrimp) and Heterocypris incongruens  

(ostracod) based on ASTM standard E1706-95b (ASTM, 1997) and ISO guideline 14371 (ISO 14371, 2012), 

respectively. The endpoint per species is shown in Table 2.  

Table 2. List of bioassays and abbreviations. 

Species Endpoints Abbreviation 

Daphnia magna 
NOECmortality D.magna I 

NOECreproduction D.magna II 

Raphidocelis subcapitata Mortality R. subcapitata 

Hyalella Azteca Mortality H. azteca 

Heterocypris incongruens   Growth inhibition H. incongruens   

NOEC = No Observed Effect Concentration. 
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2.4 Ecological surveys 
In both the Netherlands and Flanders, three samples were taken and reported as an average per measured location. 

Fauna samples were preserved with 40% formaldehyde. Macrofauna was identified to species of lowest attainable 

taxonomic level (Table 3). Density was expressed as the number of species per m2.  

Table 3. Determination of the different taxonomic groups included in macrofauna measurements. 

Taxonomic group Determination level 

Plathelminthes Genus 

Oligochaetae Presence 

Hirudinea Genus 

Mollusca Genus 

Crustacea Family 

Plecoptera Genus 

Ephemeroptera Genus 

Trichoptera Family 

Odonata Genus 

Megaloptera Genus 

Hemiptera Genus 

Coleoptera Family 

Diptera Family 

Hydracarina Presence 

 

2.5 Statistical analysis 
Chemical concentrations were log-transformed prior to the analysis. For the Dutch dataset, concentrations below 

the detection limit were marked as zero. A concentration of 0.00001 was used to replace 0 before log 

transformation, which is two orders of magnitude lower than the lowest observed chemical concentration.  

Pearson correlation coefficients were calculated to determine linear relationships between the log-transformed 

concentrations of each pair of the total chemicals. A coefficient (|r|) exceeding 0.8 was defined as indicative for 

‘high’ correlation between two variables. Only the correlation coefficients with significant levels of P<0.05 (slightly 

significant) are presented. All analyses were performed in R (version 3.4.2) and Microsoft Excel statistical packages. 

Canonical redundancy analysis (RDA) was used to investigate the relationship between species abundances and 

chemical concentrations. Species with abundance lower than 4 individuals per m2 were omitted from the 

subsequent analysis. Species abundance data were log(x+1) transformed to reduce the asymmetry of the species 

distribution, followed by the Hellinger-transformation to reduce the importance of extremely abundant taxa (Birks et 

al., 2012). Chemicals may covary due to co-emission from sources. Therefore, chemicals with the highest variance 

inflation factor (VIF) were removed from the analysis one at a time until all VIFs <20. The contribution to the 

explanation to the variation in species composition in RDA was evaluated by Monte Carlo permutation tests. 

Chemicals with low significance were removed. 

 

2.6 Chemical modelling 
We applied the OMEGA model to independently estimate responses in toxicological assays and ecological surveys 

from measured chemical levels. To that end, total sediment concentrations were converted to dissolved water 

concentrations according to standard correction, refined bioavailability and speciation equations and transfer 

functions, respectively. 

 

2.6.1 Standard correction 

Equilibrium partitioning was applied to convert chemical concentrations in sediments ([C]sed, mg/kg) into water 

concentrations ([C]aq, μg/L) (Van der Kooij et al., 1991): 



15 
 
 

[𝐶]aq =
𝑟 × [𝐶]sed

𝐾SW
  

 (1) 

Where r is an empirical concentration ratio for suspended matter (taken as 2 and 1.5 for organics and metals, 

respectively) and KSW is the solid-water partition coefficient in L/g.  

While Ksw values show a variability depending on physicochemical factors (Van der Kooij et al., 1991), only the 

average binding capacity of metals to sediments was taken into account in standard correction. We obtained values 

of KSW for metals from Van der Kooij et al. (1991) assuming to represent the standard 11% and 25% clay (Flanders 

and Netherlands, respectively) and 5% and 10% organic substances (Flanders and Netherlands, respectively) in 

sediments (Crommentuijn et al., 1997, De Deckere et al., 2000): 

 

𝐾SW,metal =
∑ 𝐾SW,metal,𝑛

𝑛
1

𝑛
 

(2) 

Where n is the sampling locations in the predefined ecosystems/rivers from Van der Kooij et al. (1991). Similar 

equations are used elsewhere (Batley et al. 2005). 

Considering the high diversity in hydrophobicity for polycyclic aromatic hydrocarbons (PAHs) included in the 

measurement campaigns (103<KOW<107), KSW,organic for organic chemicals was calculated via the octanol-water partition 

coefficients (KOW, dimensionless) obtained from PubChem and literature (Mackay et al., 2006, Kim et al., 2016) and 

the fraction of organic substances (fOS, dimensionless): 

 

𝐾SW,organic = 0.6 ⋅ 𝐾OW ⋅ 𝑓OS 

(3) 

Where 0.6 is the empirical conversion factor in L/g (Karickhoff et al., 1979). 

 

2.6.2 Refined bioavailability and speciation 

Despite increased sediment, all interactions of chemicals within the sediments cannot explicitly be described 

(Verschoor et al., 2017). Acknowledging this, we used a limited set of key sediment characteristics regularly 

monitored to determine chemical speciation and bioavailability. As a case study, we applied data from a standard 

monitoring program on Flemish sediments to test our predictions of mortality of H. azteca and growth inhibition of 

H. incongruens. 

Refined bioavailability. Toxicity associates to the fraction of the chemical that is freely bioavailable. Metals bind 

stronger to sediment fractions (clays, organic substances) with high binding/retention capacity (Crommentuijn, 1997, 

Zhang et al., 2014), creating a natural ‘bias’ in local concentration. Therefore, we calculated local KSW (KSW, local) values 

based on %clay and %OS content (de Bruijn and Denneman, 1992):  

 

log(𝐾𝑆𝑊,𝑙𝑜𝑐𝑎𝑙) = log(𝐾𝑆𝑊) − [𝑎 ⋅ log (
5

%𝑂𝑆
) + 𝑏 ⋅ log (

11

%𝑐𝑙𝑎𝑦
)] 

(4) 

wherein we obtained KSW from literature (Van der Kooij et al., 1991). a and b are the concentrations (mg/kg dry 

solids) of metals M per %clay and %OS, respectively, based on (log-log) multiple linear regression (MLR) for the 

complete Flanders dataset (N=1762): 

 

log([C]𝑠𝑒𝑑) = 𝑎 ⋅ log(%OS) + 𝑏 ⋅ log (%clay) 

(5) 
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Speciation of chromium. Prominently, chromium (Cr) is a transition metal with redox behaviour higher than that of 

Zn, Ni or Cd (Panda, 2005, Haddad, 2012). Cr toxicity relates to the concentration of CrO4
2- (Berry et al., 2004, Besser 

et al., 2004). Speciation and the redox conditions of Cr are affected by the microbial NO3/NH4
+ equilibrium (Wang 

and Choi, 2013): [CrO4
2-] positively correlates with [NO3

−] and negatively with pH (Rosales et al., 2017) and partially 

results from the following two reactions: 

 

4[𝑂2] + 2[𝑁𝐻4
+]

𝑘1
⇌

𝑘−1
2[𝑁𝑂3

−] + 2[𝐻2𝑂] + 4[𝐻+] 

(6) 

4[𝐻+] + 3[𝑂2] + [𝐶𝑟3+]𝑠𝑒𝑑
↓

𝑘2
⇌

𝑘−2
2[𝐻2𝑂] + [𝐶𝑟𝑂4

2−]
↑

𝑎𝑞
 

(7) 

Wherein relative concentrations of ammonia/ammonium in the whole-sediment were determined via the Kjeldahl 

nitrogen and Henderson-Hasselbalch relationships (subsequent section). 

Prominently, [CrO4
2-] inhibits reaction k-1 (denitrification) (Viamajala et al., 2002, Chovanec et al., 2012, Hu et al., 2019) 

and affecting the phosphate/phosphorous (P) and the oxygen concentration [O2] (e.g. eutrophication (VLM, 2019)). 

These factors are indicators of the relative concentration of CrO4
2-: 

 

[𝐶𝑟𝑂4
2−]

𝑎𝑞
∝

1

[𝐶𝑟3+]𝑎𝑞
= 𝑓([𝑂2], [𝑁𝐻4

+], [𝑃𝑇], 𝑝𝐻) 

(8) 

As KSW(Cr3+) >>> KSW(CrO4
2-) (Van der Kooij et al., 1991), the total concentration in sediment [CrT]sed is dictated by 

[Cr3+] (i.e. [CrT]sed= [Cr3+]
sed

+[CrO4
2-]

sed
≈(1+KSW)⋅[Cr3+]

aq
). Therefore, based on the available data and Equation 6-7, 

we characterized the ratio between CrO4
2- and Cr3+ via regression: 

 

[𝐶𝑟𝑂4
2−]𝑎𝑞

[𝐶𝑟3+]𝑎𝑞
∝

[𝐶𝑟𝑂4
2−]𝑎𝑞

[𝐶𝑟𝑇]𝑠𝑒𝑑
∝

1

𝑎[𝑂2] + 𝑏[𝑁𝐻4
+] + 𝑐[𝑃𝑇] + 𝑑[𝐻𝑃𝑂4

2−/𝐻2𝑃𝑂4
−] + 𝑒[𝑝𝐻]

 

(9) 

Wherein we take [CrO4
2-]sed on average to be 4.13% of total Cr (Rosales et al., 2017) and a-e are regression 

coefficients. Since KSW of CrVI (<1-50 L kg-1) <<< Crlll (850-5,600 L kg-1) (Hassan and Garrison, 1996), is about 90% of 

aqueous Cr present as CrO4
2-. 

Speciation of organotins, phosphate and ammonia (Henderson-Hasselbalch). Phosphate may act both as toxicant 

(Yu et al., 2009) and nutrient (Karanovic, 2012), whereas organotins and ammonium are toxicants. The fraction of 

non-ionized ammonium often relates to observed toxicity. The species (de)protonate according to: 

 

[𝑁𝐻4
+]𝑎𝑞

𝑘3
⇌

𝑘−3

[𝑁𝐻3]𝑎𝑞 + 𝐻+ 

(10) 

[𝐻2𝑃𝑂4
−]𝑎𝑞

𝑘4
⇌

𝑘−4
[𝐻𝑃𝑂4

2−]
𝑎𝑞

+ 𝐻+ 

(11) 

[𝑆𝑛(𝑂𝐻)3−𝑛𝑂𝐻2𝑅𝑛
+]

𝑎𝑞

𝑘5
⇌

𝑘−5

[𝑆𝑛(𝑂𝐻)4−𝑛𝑅𝑛]𝑎𝑞 + 𝐻+ 
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(12) 

We thus determine their speciation via Henderson-Hasselbalch (Ankley et al., 1995): 

 

log (
[𝑋𝑛]𝑎𝑞

[𝑋𝐻𝑛+1]𝑎𝑞
) = 𝑝𝐻 − 𝑝𝐾𝑎,𝑋𝐻𝑛+1  

(13) 

log([𝑋𝐻𝑛+1]𝑎𝑞) = log([𝑋𝑛]𝑎𝑞) − (𝑝𝐻 − 𝑝𝐾𝑎,𝐶𝑋) 

(14) 

with pKa(XHn+1=NH4
+) = 9.25 and pKa(XHn+1=H2PO4

-) = 7.2. We took pKa values for organotins from the literature (Table 

4). 

Table 4. Proton dissociation constants (pKa) values. By = butyl; Ph = phenyl. 

Chemical Formula pKa  Reference 

tetrabutyltinhydroxide Sn(By)4 n/a n/a 

tributyltinhydroxide cation (Sn(OH2))+(By)3 6.25 (Blunden, 1984, Fent, 1996, Meador, 2000) 

dibutyltinhydroxide cation (Sn(OH2)1)+(OH)1(By)2 5.1(±0.2)  (Fang et al., 2012) 

monobutyltinhydroxide cation (Sn(OH2)1)1+(OH)2(By)1  5.9(±0.1)  (Fang et al., 2012) 

triphenyltinhydroxide cation Sn(OH2)+(Ph)3 5.2  (Blunden, 1984, Fent, 1996, Meador, 2000, 

Beyer, 2011) 

diphenyltinhydroxide cation (Sn(OH2)1)+(OH)1(Ph)2 4.0 (Mohamed et al., 2001)* 

monophenyltinhydroxide cation  (Sn(OH2)1)1+(OH)2(Ph)1 4.8 ** 

dihydrogenphosphate H2PO4
− 7.2 n/a 

ammonia NH4
+ 9.25 n/a 

* In 75% dioxane–water  solution. pKa values of ligands in 75% dioxane–water solutions are higher than those reported in water 

(Mohamed et al., 2001). 

** Estimation assuming the substitution of butyl by phenyl has a constant effect on pKa: pKaMPT = pKaMBT-((pKaTBT-pKaTPT)+( pKaDBT-

pKaDPT)/2). 

 

2.6.3 WHAM transfer functions 

In an attempt for a further detailed speciation, transfer functions of the Windermere Humic Aqueous Model 

(WHAM) were applied. These functions characterise the free ion concentration in surface water based on in situ 

calcium and carbonate concentrations (Bootsma and Vink, 2016) (Table 5).  

Table 5. Equations for free ion activities, anions included. 

Metal Model description R2 

log(Cd_ion) = -0.00085563 + 1.0822 * log(Cd_total) - 0.21108 * log(DOC) + 0.056259 * log(Ca) - 0.081587 * pH - 

0.019479 * DOC 

0.985 

log(Cu_ion) = -1.3158 + 1.8086 * log(Cu_total) - 2.0549 * log(DOC) + 0.38043 * log(Ca) - 0.34905 * pH - 3.7836e-

06 * CO3 

0.991 

log(Hg_ion) = -1.2681 + 8.4744 * log(Hg_total) - 2.9851 * log(DOC) - 1.952 * pH 0.998 

log(Ni_ion) = 0.29167 + 1.075 * log(Ni_total) + 0.14183 * log(Ca) - 0.19815 * pH - 0.010255 * DOC - 1.7256e-06 

* CO3 

0.966 

log(Pb_ion) = -0.55052 + 1.1825 * log(Pb_total) - 0.98928 * log(DOC) + 0.53735 * log(Ca) - 0.46855 * pH - 1.4685e-

06 * CO3 

0.967 

log(Zn_ion) = -0.22876 + 1.0963 * log(Zn_total) - 0.050781 * log(DOC) + 0.12606 * log(Ca) - 0.11606 * pH - 

0.012963 * DOC -        9.2237e-07 * CO3 

0.983 

log(Cr_ion) = -0.928 + 2.18 * log(Cr_total) – 2.32 * log(DOC) + log(Ca) – 1.29 * pH 1.000 

All variables are in ug/L except DOC (mg/L). Cd=cadmium; Cu=copper; Hg=mercury; Ni=nickel; Pb=lead; Zn=zinc; Cr=chromium. 

%chalk content was used to estimate the total calcium content. 
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2.7 Toxicological modelling 
In the present study, the toxic unit (TU) and multi-substance potentially affected fraction of species at the HC50 level 

(msPAF(HC50)) were used to estimate the mixture toxic pressure to single species and the whole aquatic community 

(ranging from algae to fish), respectively. Both methods are based on the chemical concentration in sediment pore 

water (i.e. [C]aq).  

 

2.7.1 Toxic unit 

Toxic unit of a chemical (TU, dimensionless) is defined as the ratio of the water concentration [C]aq to its toxicity 

(effect concentration (EC50), lethal concentration (LC50)) (Sprague, 1970). TUs were calculated based on available 

EC50 data on D. magna and H. incongruens and LC50 data on H. azteca. The EC50 and LC50 values were derived 

from the RIVM e-toxbase (Posthuma et al., 2019b) and the U.S. Environmental Protection Agency ECOTOX database 

(U.S. EPA, 2019). The LC50s of some PAHs, OCPs and PCBs were not available and were estimated from quantitative 

structure activity relationships (QSAR) (Lee et al., 2001). The total risk of the polluted sediment was assessed by 

summing the toxic units for all contaminants based on chemical groups: 

 

𝑇𝑈 = ∑
[𝐶]𝑎𝑞,𝑖

𝛾𝑖 × 𝐸(𝐿)𝐶50𝑎𝑞,𝑖

𝑛

𝑖=1

 

(15) 

wherein n reflects the number of pollutants i, taken as PCBs, PAHs, OCPs, heavy metals and NH3/NH4
+. γ is the 

calibration factor (γ=1 for standard correction). 

Assuming a logistic distribution of species sensitivity towards the polluted sediment, the fraction effect P was 

estimated via the cumulative logistic distribution function (de Zwart and Posthuma, 2005): 

 

𝑃 =
100

1 + 𝑒
−[

log 𝑇𝑈
𝛽

]
 

(16) 

Wherein β is slope of the exposure-response curve as a fitting constant.  

 

2.7.2 Multi-substance potentially affected fraction 

The toxic pressure exerted by chemical mixtures to aquatic communities is expressed as multi-substance PAF at the 

HC50 level (msPAF(HC50), %), representing the fraction of field species likely affected (de Zwart and Posthuma, 

2005). The msPAF(HC50) was calculated based on estimated concentrations of pollutants in water and SSDs 

constructed from the laboratory-based toxicity data. Species sensitivity parameters for each chemical included the 

hazardous concentration at which 50% of the aquatic community is affected (HC50, μg/L) for population-level 

relevant effect criterion (e.g. reproduction, growth, development) and the respective SSD slope (β, dimensionless). 

Species sensitivity parameters were collected from the RIVM e-toxbase (Posthuma et al., 2019b) (Table A1 in 

Appendices). The toxic pressure was first calculated within each chemical group j (i.e. eight individual metal, PAHs, 

polychlorinated biphenyls (PCBs) and persistent organochlorine pesticides (OCPs)), assuming concentration additivity 

as an approximation of mixture impacts (de Zwart and Posthuma, 2005): 

 

𝑚𝑠𝑃𝐴𝐹𝑗 =
1

1 +  𝑒
−log (∑

[𝐶]𝑎𝑞,𝑖

𝐻𝐶50𝑎𝑞,𝑖
)/𝛽𝑗

̅̅ ̅
 

(17) 
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Where [C]aq,i is the water concentration and HC50aq,i is the hazardous concentration for the chemical i in the same 

chemical group. 𝛽�̅� is the average SSD slope of the chemical group j. 

The response addition method was then applied to predict the mixture toxicity across the groups of chemicals (de 

Zwart and Posthuma, 2005): 

 

𝑚𝑠𝑃𝐴𝐹(𝐻𝐶50) = 1 − ∏(1 − 𝑚𝑠𝑃𝐴𝐹𝑗)

11

𝑗=1

 

(18) 

 

2.8 Ecosystem service modelling 
To assess the impacts of sediment pollution of waterways on ESs, we developed a approach consisting of five steps 

from (1) to (5) (Figure 2). We first converted sediment concentrations into water concentrations according to 

standard correction (Section 2.6.1). We subsequently calculated the multi-substance PAF for the whole aquatic 

community (msPAF(HC50), Section 2.7.2). We then linked msPAF(HC50) to diversity based on previous studies 

(Section 2.8.1). The association between diversity and total ES values (i.e. in monetary units) was based on literature 

review and data analysis, using productivity as a proxy for ESs (Section 2.8.2 and 2.8.3). We applied the quantitative 

relationships between msPAF(HC50) and total ES values to the Waal-Meuse estuary and Flemish waterways to gain 

insights into impact magnitudes (Section 2.8.4). 

 
Figure 2. Steps to assess the environmental impact of chemical mixtures in sediments on ecosystem services (ESs) of waterways. 

Step (1): Convert sediment concentrations into water concentrations. Step (2): Calculate the multi-substance potentially affected 

fraction msPAF(HC50) of aquatic species based on water concentrations. Step (3): Link msPAF(HC50) to diversity. Step (4): Identify 

the quantitative diversity-productivity relationship. Step (5): Update the correlation between productivity and the total value of 

ESs. 

 

2.8.1 Relationship between msPAF(HC50) and diversity 

Empirical research has shown the ecological relevance of PAF as the value of diversity indicators (e.g. Shannon-

Wiener index) reduces when the PAF(HC50) increases (De Vries et al., 2010). Based on the evidence, we assumed 

that an increase in the msPAF(HC50) would result in a reduction in diversity (D’, %) expressed in various metrics, 

including species richness, species evenness and functional diversity: 

 

D’=100- msPAF(HC50) 

(19) 

 

2.8.2 Relationship between diversity and productivity 

Productivity is related to many ESs, such as food or wood provisioning (Millennium Ecosystem Assessment, 2005). 

Experimental studies at multiple scales employed aboveground plant biomass (i.e. productivity) in diversity-

ecosystem functioning research (Costanza et al., 2007). Productivity has also been correlated with the total value of 

ESs (Costanza et al., 1998). To explore the full cause-effect chain shown in Figure 2, we used productivity as a proxy 

for ESs. 

Dataset description. We applied filtered and updated versions of datasets published in several meta-analyses (i.e. 

Cardinale et al. (2006), Balvanera et al. (2006), Daam et al. (2019), Duffy et al. (2017)) reporting experimental and 

observational evidence in both terrestrial and aquatic realms. Given our focus on quantifying the effect of diversity 
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on productivity, we selected studies from each published dataset that met three criteria: (i) the study used diversity 

measurements (e.g. species richness) as an independent variable; (ii) the study statistically controlled for the 

influence of variation in climate or resources; (iii) the study measured the direct effect of diversity within a trophic 

group (mostly producers and herbivores) on community biomass or productivity of all species. We removed the 

overlapping records reported in different datasets. To update the dataset, we conducted a literature search on 

Google Scholar using the keyword sequence: (diversity OR biodiversity) AND ecosystem AND (productivity OR 

biomass). To be included in the updated dataset, studies had to meet the same criteria described. Our database 

included a total of 75 studies, 51 of which were conducted in experimental settings (32 in terrestrial and 19 in 

aquatic ecosystems) and 24 in observational settings (17 in terrestrial and 7 in aquatic ecosystems) (Table A2, A3 and 

A4 in Appendices).  

Data analysis. We characterised the relationship between diversity and productivity by the effect direction (i.e. 

positive or 0) and function form (e.g. Michaelis-Menten, log-linear, linear functions) (Figure A1 in Appendices). In 

order to allow for comparison and facilitate interpretation of the quantitative diversity-productivity relationships, we 

performed data scaling and curve fitting for experimental studies in terrestrial ecosystems. We chose experimental 

terrestrial studies since most diversity-productivity research focused on terrestrial systems in the past decades 

(Loreau et al., 2001, Wardle, 2016, Daam et al., 2019), and quantitative patterns in aquatic (freshwater, transitional 

and marine) and terrestrial ecosystems were similar (Figure A1 in Appendices). Only studies that explicitly reported 

the mathematical function between diversity and productivity were included in the analysis. 

Data scaling. We scaled the reported diversity-productivity relationships into a 0-100% range without affecting the 

shape of curves through a linear transformation. We calculated the minimum (Pmin) and the maximum values (Pmax) 

of productivity (e.g. aboveground biomass in g/m2) from the minimum (Dmin) and the maximum values (Dmax) of 

diversity measurements (e.g. species richness) according to the reported mathematical functions. The values of 

productivity and diversity P and D were scaled to P’ and D’ in the range of 0-100% according to:  

 

P’=(P-Pmin)/(Pmax-Pmin)×100 

(20.1) 

and 

D’=(D-Dmin)/(Dmax-Dmin)×100 

(20.2) 

 

Curve fitting. The average, minimum and maximum impacts (the upper and lower boundary encompassing all the 

reported diversity-productivity curves) of diversity loss on productivity were identified through optical fitting. The 

decreasing power function (P’=D’θ, θ<1), Michaelis-Menten and linear functions represented the average, minimum 

and maximum impacts, respectively. 

 

2.8.3 Relationship between productivity and ecosystem services 

While productivity has been related to the total value of ESs in monetary units (Costanza et al., 1998), estimates of 

productivity and total ES values for each biome have changed over the years due to environmental changes (e.g. 

climate change, El Niño events) and improved estimation methods. Therefore, we provided an updated linear 

correlation between logarithmically transformed values of mean productivity (P, kg/m2/yr) and mean total ES values 

(V, 2007$/ha/yr) (Costanza et al., 2007):  

 

log10(V) = a + b × log10(P) 

(21) 

Wherein a and b are empirical fitting constants (Costanza et al., 2007). 
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Dataset description. The fitting constants a and b were determined based on literature data. Papers that reported 

the total ES value for each biome (i.e. the sum of the mean value of each ES within the biome) were included 

(Costanza et al. (1997), De Groot et al. (2012), Costanza et al. (2014)). A total of 12 biomes and 17 ESs were included 

(Table A5 in Appendices). To update the quantitative correlation between P and V, we chose to use the most recent 

available data from Costanza et al. (2014) and calculated the geometric mean of productivities for each biome (Table 

A6 in Appendices).  

 

2.8.4 Application of derived relationships 

Based on the stepwise approach described above (Figure 2), the relative ES value loss as a function of msPAF(HC50) 

was estimated. In order to obtain an absolute value of ES loss, we considered the sediments in the Waal-Meuse 

estuary and Flanders as estuarine/freshwater sediments (Den Besten et al., 2003, De Deckere et al., 2011). 

Therefore, we calculated the geometric mean of ESs provided by lakes/rivers, estuaries and swamps/floodplains 

reported in Costanza et al. (2014) to represent the sediment ecosystems in the present study. 
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3. Results 
3.1 Correlations  
The Netherlands. Figure 3 shows the correlation coefficients between each pair of the 48 measured chemicals. 

Concentrations were strongly correlated for the substances that belong to the same chemical groups (i.e. metals, 

PAHs, and PCBs). The only negative correlation is found between lindane and EOX with a correlation coefficient value 

around -0.2. 

 

 
Figure 3. Correlation coefficients for 48 chemicals measured in Dutch sediments. Positive and negative correlation are by blue and 

red, respectively. A dark colour (|r|> 0.8) indicates high correlations between two variables. Only the correlation coefficients with 

significant levels below 0.05 are presented. Abbreviations of chemicals are given in Table 1. 

 

Flanders. Figure 4 shows the correlation coefficients between each two of the 24 chemicals, three bioassays and 

sediment characteristics (percentage clay, organic matter). Chemicals which belong to the same groups, i.e. metals, 

PAHs, showed a high positive correlation. PAHs and PCBs were also highly correlated to chrome, copper and lead. 
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Figure 4. Correlation coefficients for 24 chemicals, bioassays, percentage clay, and organic matter (OM) measured in Flanders. 

Strong correlations are indicated by larger circles. The colour of the scale bar denotes the nature of the correlation with 1 indicating 

perfect positive correlation (dark blue) and -1 indicating perfect negative correlation (dark red). Blanks indicate no significant 

correlation (p< 0.01). Abbreviations of chemicals are given in Table 1. 

 

3.2 Toxic unit  
3.2.1 Standard correction 

The Netherlands. The results of the TU analysis at EC50 and LC50 levels are presented in Table 6. The values for 

∑TUtotal range from 0.64 to 1.91. Dordtsche Biesbosch is the site with the highest value, followed by Sliedrechtse 

Biesbosch, Amer and Nieuwe Merwede, for which the ∑TUtotal values were always found to be higher than 1. At all 

sites, metals appeared to be the main contributors to the ∑TUtotal. PAHs also contributed to the total toxicity values 

albeit with minor contributions. OCPs and PCBs contributed minimally, as the values of ∑TUOCPS and ∑TUPCBs were 

almost 0. 

Table 6. Toxic unit (TU) values per river distributary at EC50- and LC50-level. 

Distributary codea ∑TUmetals ∑TUPAHs
 b ∑TUOCPs+

c ∑TUPCBs ∑TUtotal 

DB 1.78 0.12 0.01 0.00 1.91 

SB 1.19 0.06 0.00 0.00 1.25 

AM 1.02 0.11 0.00 0.00 1.13 

NM 0.89 0.10 0.01 0.00 1.01 

BB 0.79 0.12 0.00 0.00 0.91 

HD 0.73 0.10 0.00 0.00 0.83 

HV 0.54 0.10 0.00 0.00 0.64 
a Distributary code: Haringvliet (HV), Hollandsch Diep (HD), Nieuwe Merwede (NM), Dordtsche Biesbosch (DB), Brabantsche 

Biesbosch (BB), Amer (AM), Sliedrechtse Biesbosch (SB). 
b QSAR data were applied for NOEC for D.magna. 
c OCPs+ includes OCPs and two chlorobenzenes (i.e. pentachlorobenzene and hexachlorobenzene).  
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The toxic unit of each metal in the metal group is shown in Figure 5. Copper is the metal with highest TU at all sites, 

accounting for more than 70% of ∑TUmetals. It is followed by zinc, mercury and nickel, which also to chronic toxicity. 

 
Figure 5. Toxic unit distribution within metal group. Branch code: Haringvliet (HV), Hollandsch Diep (HD), Nieuwe Merwede (NM), 

Dordtsche Biesbosch (DB), Brabantsche Biesbosch (BB), Amer (AM), Sliedrechtse Biesbosch (SB). 

 

The relationship between exposure to chemical groups and effects observed in the bioassays of D.magna is shown in 

Figure 6. However, there is no clear trend between TU and survival fraction of the species. This suggests that 

standard correction for metal bioavailability is not refined enough to predict D. magna toxicity from sediment 

bioassays. 

 

 
Figure 6. Fraction survival of Daphnia magna in lab experiments versus toxic units based on measured total sediment 

concentrations converted to dissolved concentrations using standard correction for different regions (represented by different 

colours). Red solid line represents quantile regression.  
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Flanders. The TU method resulted in a higher toxic pressure in the Meuse and Scheldt compare to the Yser (Figure 

7). Overall, the mixture toxic pressure was higher for H. azteca than R. subcapitata. Metals contributed most to the 

TU of H. azteca, followed by organochlorine pesticides. PAHs were contributing least to the total TU. The 

contribution of PCBs to the ∑TUtotal was minor for R. subcapitata. Metals were the main contributors to toxicity of R. 

subcapitata. TUs of metals ranged from 0.17 to 0.32. Zinc was the main contributor, followed by nickel and copper. 

The TU of other metals (arsenic, cadmium, chrome, lead and mercury) was below 0.01. Total organic TUs ranged 

from 0.03 to 0.08, with phenanthrene and naphthalene as the main contributors. However, the real toxicological risk 

might be underestimated due to the absence of toxicological data for some OCPs. 

 

Figure 7. Results of TU analysis for H. azteca and R. subcapitata in Flanders (all waterways included) and the three main rivers 

Meuse, Scheldt and Yser. 

 

Effects on H. azteca based on standard correction were reasonably anticipated (Figure 8). Yet, relationships were 

further improved when local conditions determining bioavailability and speciation were considered (Section 3.2.2). 
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Figure 8. Fraction survival of Hyalella azteca in lab experiments versus toxic units based on measured sediment concentrations 

converted to dissolved concentrations using standard correction for different rivers (represented by different colours). Red solid 

line represents quantile regression. 

 

3.2.2 Refined bioavailability and speciation 

Hyalella azteca. The final calibrated TU analysis for H. azteca is shown in Figure 9 and 10. Among the toxicants 

considered, metals and NH3/NH4
+ dominate the TU (Figure 9). The LC50 values for Cr, NH4

+/NH3 and Cd applied to the 

final, calibrated analysis (Table 6, the last column) differed from those for initial analysis. For several ‘uniform’ water 

bodies, the calibrated analysis explains on average ~70% of the observed variance in mortality percentage of H. 

azteca (Figure 10). 
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Figure 9. Toxic units for H. azteca for in Flemish water bodies. Limited information on pH and potential mixture effects, deemed 

taking LC50(NH4
+) empirically as 400,000 mg/L as plausible, as a higher-end of ranges (Table 7). Thus, TUs for NH4+ may be 

underestimations. Considering 47% of Cd concentrations were below limit of detection (LoD), we took negative errors as 10-fold 

the SD including the values set as the LoD. 

 

 
Figure 10. H. azteca mortality (%) versus Toxic Units (dimensionless) for 8 heavy metals and NH4

+/NH3. By calibration of 𝛾𝑖, we 

took LC50 for Cr as 1 mg/L, representing CrO4
2-, and LC50(Cd) as >1000 μg/L for a better fit. We distinguished between high/low 

quality data by excluding sediments with unknown KjN and PT (except Upper Scheldt), with unknown [Ca2+] or [Ca2+] < 3.5 mg/L. 

Simulation gave an average TU of 0.55 and β of 0.015 (dimensionless). Asterisks denote values with lower KjN than the respective 

water body average, but not statistically significant (p>0.05).  
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Table 7. 7-day and 28-day LC50 values for H. azteca from the open literature as well as LC50 values used in the final TU simulation 

(Figure 11D). With corresponding uncertainties and ranges. 

  U.S. EPA (2019) Borgmann et al. (2005) This study (Figure 9; 11D) 

  inter-laboratory variance 

(μg/L) 

inter- and intra-laboratory 

variance 

(μg/L) 

(μg/L) 

CrO4
2- * Average (SD) 33.6 (±24.8) 38.6 (±33.2) 1.0 (±0.7)**** 

 Min – max 1.4 – 61.4 1.0 – 94.8 - 

NH4
+ Average (SD) 40,017.0 (±49,637.2) 36,878.5 (±49,818.8) 400,000.0 (±200,000.0)**** 

 Min – max 1,371.0 – 199,513.2 2,345.1 – 233,607.2 - 

NH3** Average (SD) 43,464.6 (±40,400.3) 33,313.8 (±37,603.1) *** 400,000.0 (±200,000.0)**** 

 Min – max 1,084.9 – 95,834.6 507.1 – 120,284.9*** - 

* Expressed in the MW of Cr. 

** LC50 values for NH3 are expressed in terms of its concentration at pH=7.6, i.e. 10^(pKa,NH4+ - 7.6) wherein pKa,NH4+ is 9.3.  

*** 4-day LC50 values.  

**** The errors for CrO4
2- and NH4

+/NH3 in this study are those carried over from bioavailability errors.  

 

Regression of chromium speciation according to Equation 8 gave us the equation: 

 

log ([𝐶𝑟𝑂4
2−]𝑎𝑞) ∝ log ([𝐶𝑟𝑇]𝑠𝑒𝑑) (0.15(±0.05) ⋅ log ([𝐾𝑗𝑁]𝑠𝑒𝑑)⁄ + 0.28(±0.03) ⋅ log ([𝑃𝑇]𝑠𝑒𝑑) + 0.11(±0.02) ⋅

[𝑝𝐻]𝑠𝑒𝑑 − 0.23(±0.04) ⋅ log ([𝑂2]𝑠𝑒𝑑) − 0.54(±0.20))  

(22) 

with R2=0.52. However, implementing Equation 22 to describe speciation of Cr did not appear to improve the 

predictions for H. azteca mortality. Nor did the application of WHAM transfer functions based on total calcium 

content (Figure 11A-2 and 11A-3), though lack of (coherent) data limited our capability to use the transfer functions 

(Bootsma and Vink, 2016). Specifying the ratio of NH3/NH4
+ based on pH did not appear to enhance results. We 

noted high spatial variance in Kjeldahl nitrogen (KjN) and uncertainty in in situ NH4, PT pH, O2 and Ca. Determining 

bioavailability by including local OC and clay content (Equation 4 and 5), only marginally improved the result (Figure 

11A and 11B).  

Predicting the mortality using the ‘pre-set’ Mn+ LC50 values (Borgmann et al., 2005) gave poor predictions: the 

explained variance did not exceed 5% (N=1762, for Flanders), with slightly better results for ‘larger’ water bodies 

(e.g. Yser; Scheldt) (Figure 11A and 11B). According to these initial TU analyses (Figure 11A), among all toxicants 

considered, metals (esp. Zn) appeared to contribute most to H. azteca ∑TUtotal. Metals’ TU ranged from 0.2-0.3. 

Besides Zn, other contributors were Ni and Cu, and TUs of As, Cd, Cr Pb, and Hg were <0.01. With exception of 

endosulfan, phenanthrene and naphthalene (TU=0.03-0.08), OCPs, PCBs and PAHs did not appear to contribute to H. 

azteca lethality (TU<0.01). In contrast to Figure 11A and 11B, Cr most highly correlated with H. azteca mortality 

(Figure 4). By including NH4
+/NH3, the offsets (Figure 11C) in H. azteca mortality between water bodies disappeared. 

NH4
+/NH3 had an average TU of 0.2 (taking 𝛾𝑁𝐻4LC50=400,000 μg/L) across Flanders, with high values for Yser and 

upper Scheldt rivers. By reducing the LC50 value for Cr, the logistic curve describes more of the variance in H. azteca 

mortality Figure 11B and 11C). Two ‘outliers’ remained, of which we had no SDs for mortalities, and we could not 

further characterize speciation of Cr (via Equation 18) due to the lack of [O2], [KjN], [Pt] or pH data. Letting Cd not 

contribute to the TU (by modifying 𝛾𝐶𝑑LC50Cd to >1000 μg/L) slightly increased R2 (Figure 11D and 11E). 
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Figure 11. % H. azteca mortality versus the calculated TU (heavy metals+NH4

+/NH3). R2 represent log-log best fits excluding 

outliers. The 5 separate calculations reflect the 4 LC50 input ranges as given in Table 7:  

A: LC50(Cr) = LC50(Cr3+); LC50(NH4
+) = ∞ mg/L; taking a = b = 0 in equation 4 

A-2: same as A; transfer functions* 

A-3: same as E; transfer functions* 

B: LC50(Cr) = LC50(Cr3+); LC50(NH4
+) = ∞ mg/L 

C: LC50 (Cr) = LC50(CrO4
2-); LC50 (NH4

+) = ∞ mg/L 

D: LC50 (Cr) = LC50(CrO4
2-); LC50 (NH4

+) = 400 mg/L 

E: same as D but with LC50(Cd) = ∞ μg/L instead of 0.57 μg/L 

 

Heterocypris incongruens. We performed analyses to elucidate the toxicity of sediments in Flanders to H. 

incongruens. According to initial TU results, NH3 (TU = 0.1) contributed most to H. incongruens growth inhibition. 

Other contributors were Ni and Cu (TU ≤ 0.1), whereas the individual TUs of Zn, Cd, CrO4, Hg and Pb were ≤0.01. 

Predicting the growth inhibition via initial TU using standard EC50 values yielded maximal explained variance lower 

than 30%. Initially, speciation calculations (Equation 9 and 14) did not appear to improve these results. 

We then performed ‘semi-empirical’ analyses to further elucidate the toxicity of sediments by letting EC50 values fit 

to the growth inhibition data. This ‘calibrating’ procedure allowed a robust TU analysis for H. incongruens. According 

to the semi-empirical analysis, NH3 dominates the TU (TU = 0.3) (Figure 12). Additional toxic pressure arises from 

organotins (as represented by tributyltin, TU = 0.3). The contributions from Ni and Cu appear minor (≤0.1). Inclusion 

of chemicals other than NH3, HPO4
2- and By3SnOH2 only marginally improved the fit. Instead, we found a positive 

influence by PO4, i.e., growth promoting (TU = -0.3).  

 

0

10

20

30

40

50

60

70

80

90

100

0.05 0.5 5

H
ya

le
lla

 a
zt

e
ca

  %
 m

o
rt

al
it

y

sum(TU, heavy metals; NH4
+)

grachten

IJzer

Zeeschelde

Bovenschelde

Maas

Albertkanaal

E

R2=0.72



32 
 

 
Figure 12. Toxic units for H. incongruens ([C]aq/EC50aq) for individual pollutants in sediments from water bodies in Flanders. Error 
bars denote variability throughout Flanders. For MFT (assumed porewater pH=7.5) 99% of samples were below the detection limit 
(DL); negative errors are 10-fold the SD including the values set at the DL. 
 

After calibration, we found that speciation calculations (Equation 14) significantly improved the result (Figure 14B 

and 14C). NH3, organotins and HPO4
2- could explain up to 90% of the observed variance in the growth inhibition for 

water bodies throughout Flanders. The relative importance of the toxicants differs between water bodies. In general, 

predictions for H. incongruens growth inhibition are more precise for ‘uniform’ (e.g. large rivers and canals) water 

bodies as compared to small ‘non-uniform’ water bodies.  

 

 

chemical coefficient (fit) 
log(average 

concentration) 
average concentration 

(ng/L) 
contribution 

(%) 
𝛾𝑖EC50 (ng/L) 

NH3 NH4
+

 17.8 5.7 512,226 30.1 153,932(±76,966) 

HPO4
2- -22.6 5.0 103,904 38.2 -39,699(27,145-85,840) 

By3SnOH2
+ 

By3SnOH 
18.8  -2.0 

 
0.00998 

 
31.7 

 
0.0032(±0.0016) 

0.06(±0.03) 

Figure 13. H. incongruens growth inhibition (%) versus the Toxic Unit. EC50 for organotin cations was taken as 0.003 ng/L, 
representing By3SnOH2

+. Simulation performed using β=4.5 (dimensionless). Far-left triangle denotes the weighted average of 
values with logTU < -1. Squares denote data wherefore KjN was unknown, and taken as a regional average. The table provides 
corresponding uncertainties/ranges. For EC50 values, the errors are those carried over from errors in bioavailability. 
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Figure 14. H. incongruens growth inhibition (%) versus the Toxic Unit. GI=growth inhibition. 

A: EC50 for organotins (cations) represented 3 ng/L; pH assumed to be 7.5. R2=0.26. 

B: EC50 for organotins (cations) represented 0.003 ng/L; pH assumed to be 7.5. R2=0.82 

C: EC50 for organotins (cations) represented 0.003 ng/L; pH taken for the porewater. R2=0.90  
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3.4 (Multi-substance) potentially affected fraction 
The Netherlands. Based on standard correction of bioavailability, the msPAF(HC50) for sediment samples in the 

Waal-Meuse estuary was estimated to be 18.5% (±6.3%) (Table 8). Metals (10.1%) and PAHs (8.7%) were the main 

contributors to the total pressure, while OCPs (0.5%) and PCBs (0.2%) had limited contribution.  

 

Table 8. The msPAF(HC50) (%) for sediments in the Waal-Meuse estuary 

Chemical groups 
msPAF per distributary (%)b 𝑚𝑠𝑃𝐴𝐹̅̅ ̅̅ ̅̅ ̅̅ ̅̅  

HV HD DB NM AM BB SB (%)c 

Metalsa 7.0 9.4 13.2 10.3 10.7 9.8 11.3 10.1 (±1.8) 

PAHs 8.0 8.0 10.4 7.6 9.9 10.0 7.6 8.7 (±1.2) 

OCPs 0.1 1.1 7.1 2.0 0.2 0.1 0.4 0.5 (±2.4) 

PCBs 0.1 0.1 0.5 0.7 0.2 0.1 0.3 0.2 (±0.2) 

msPAF(HC50)(%) 14.6 17.6 28.0 19.4 19.9 19.0 18.6 18.5 (±6.3) 
a Metals include arsenic, cadmium, chromium, copper, mercury, nickel, lead and zinc.  
b Distributary code: Haringvliet (HV), Hollandsch Diep (HD), Dordtsche Biesbosch (DB), Nieuwe Merwede (NM), Amer (AM), 

Brabantsche Biesbosch (BB), Sliedrechtse Biesbosch (SB). 
c The geometric mean and ±1 standard deviation (variation) based on msPAF per distributary. 

 

Flanders. The msPAF(HC50) for Flemish sediments was estimated to be 35.6% (±21.1%) (Table 9). The mixture toxic 

pressure in the Waal-Meuse estuary (18.5%) was slightly lower than that of the Meuse River in Flanders (25.5%). One 

explanation may be that the ‘cleaner’ Waal River diluted the Meuse River. It was estimated that the mixture toxic 

pressure of all three rivers in Flanders was lower than that of all waterways, indicating that other waterways (e.g. 

canals) were more heavily polluted. The chemicals exerting the highest pressure to the ecosystems were those of 

PAHs, nickel and copper.  

 

Table 9. The msPAF(HC50) (%) and ±1 standard deviation for three rivers and all waterways in Flanders 

Chemical groups 

msPAF (%) 

Meuse River Scheldt River Yser River 
All waterways 

in Flanders 

Metalsa 9.2 (±1.7) 10.1 (±3.7) 9.3 (±2.3) 9.4 (±4.3) 

PAHs 17.3 (±2.5) 20.2 (±5.2) 13.6 (±4.0) 23.1 (±10.9) 

PCBs 0.6 (±0.2) 0.6 (±0.4) 0.2 (±0.2) 0.7 (±1.0) 

OCPs 0.2 (±0.1)  5.0 (±9.4) 2.6 (±4.2) 7.0 (±19.2) 

msPAF(HC50) (%) 25.5 (±11.1) 32.2 (±18.6) 23.9 (±12.1) 35.6 (±21.1) 
a Metals include arsenic, cadmium, chromium, copper, mercury, nickel, lead and zinc. 

 

Quantile regressions of the macrofauna species richness observed in field survey as a function of multi-substance 

potentially affected fraction of species (msPAF(HC50)) estimated based on standard correction indicated no 

relationship (Figure 15). At the same time, the upper right corners of the plot do not contain data points, indicating 

that, as expected, species richness is not large for high msPAF(HC50) levels. 

. 
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Figure 15. Relative number of macrofauna versus msPAF calculated per location for the Netherlands (A) and Flanders (B). Different 

colours in A represent different sampling regions. Red solid line represents quantile regression. 

 

3.5 Redundancy analysis of ecological data 
After removing chemicals with low significance using Monte Carlo permutation tests, sixteen chemicals were 

retained: Hg, Cu, Ni, Pb, Zn, Cr, As, B(a)P, INP, DDT, β-HCH, Lindane, Telodrin, PeCBz, PCBt and Oil. Also, the number 

of species shrank to 129 after removing the species with a low abundance (<4 individuals per m2). The final 

transformation-based canonical redundancy analysis (tb-RDA) was computed using the 16 retained chemicals to 

illustrate the relationship between the explanatory variables and the species assemblages.  
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Table 10. Linear correlation coefficients obtained between the 16 chemicals having a significant influence on the species and axes 

1, 2, and 3 of the canonical redundancy analysis (RDA) (significance tested at P<0.05) 

Chemicals 
Correlation coefficients 

RDA1 RDA2 RDA3 

Hg 0.19 0.25 0.14 

Cu 0.56 0.27 0.11 

Ni 0.67 0.27 0.14 

Pb 0.65 0.06 0.03 

Zn 0.7 0.18 0.08 

Cr 0.35 0.24 0.21 

As 0.39 0.08 -0.01 

B(a)P 0.7 0.04 -0.16 

INP 0.79 -0.23 0.09 

DDT 0.15 0.33 0.43 

β-HCH 0.18 0.05 0.3 

Lindane -0.11 0.3 0.42 

Telodrin -0.02 0.21 0.25 

PeCBz 0.16 0.34 0 

PCBt 0.17 0.3 0.12 

Oil 0.35 0.53 -0.45 

Chemicals abbreviation see Table 1. PCBt = total concentration of PCB group. 

 

The three RDA axes in total appeared to account for 62.7% of the explainable variance. Table 10 shows the 

correlation coefficients of the first three RDA axes, using data on 129 taxa. Figure 16 shows the relation between 

distributaries according to species and chemicals using the RDA analysis. The variables most significantly correlated 

with the first axis were the metals (Ni, Pb, Cr, Cu, Zn, As) and PAHs (B(a)P, INP), with higher axis values implying 

higher impacts. Therefore, distributaries on the right side of the panel (Dordtsche Biesbosch, Amer, Brabantsche 

Biesbosch and Sliedrechtse Biesbosch) had higher contamination ranks in metals and PAHs than tributaries on the 

left. The chemical most correlated with the second axis was oil, indicating that the difference of species assemblage 

between the lower (Haringvliet and Brabantsche Biesbosch) and upper panels was likely due to exposure to oil. 
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Figure 16. Transformation-based canonical redundancy analysis (tb-RDA) representing the positions of the 7 distributaries in 

relation to the 16 retained chemicals based on species assemblage data. The chemicals (abbreviation see Table 1) are represented 

by blue arrows and branches by black numbers. Distributary code: 1: Haringvliet (HV), 2: Hollandsch Diep (HD), 3: Dordtsche 

Biesbosch (DB), 4: Nieuwe Merwede (NM), 5: Amer (AM), 6: Brabantsche Biesbosch (BB), 7: Sliedrechtse Biesbosch (SB). The 

direction and distance of the arrows indicate the importance of the contaminant. 

 

3.6 Ecosystem service modelling 
3.6.1 Relationship between diversity and productivity 

The ‘average’, ‘minimum’ and ‘maximum’ loss of productivity were obtained by fitting a power (P’=D’0.35), Michaelis-

Menten (P'=1.04×
D'

D'+0.04
) and linear functions (P’=D’), respectively (Figure 17). So, on average, approximately 50% 

and 80% of productivity was still maintained at 15% and 50% of pristine species richness. In other words, x% of 

msPAF(HC50) (i.e. (100-x)% of remaining diversity) would relate to an average of (1- (1 −
x

100
)

0.35
) ×100% (from 

minimum 
4x

104-x
% to maximum x%) of productivity loss. 
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Figure 17. Relationships between diversity (D’, %) and productivity (P’, %) in experimental terrestrial ecosystems based on 

reported scaled relationships (solid grey curves). The average, minimum and maximum loss of productivity are shown in solid blue, 

green and red curves, respectively. Minimum impact shows that 96% of diversity loss results in 50% of productivity loss (dashed 

black line). Type of diversity is classified as species richness (open circles), functional richness (open triangles) and species evenness 

(open squares). Means and standard errors are shown.    

 

3.6.2 Relationship between productivity and ecosystem services 

Based on the data from Costanza et al. (2014), we found a positive correlation between the geometric mean of 

productivity per biome and total ES values (Figure 18). An increase of productivity generally led to an increase of 

economic values of ESs (note the logarithmic axes for both variables). Regardless of the differences between 

terrestrial and aquatic systems, the fitted relationship between the geometric mean of productivity (P, kg/m2/yr) and 

total ES value (V, 2007$/ha/yr) was: log10(V)=4.14+1.40log10(P) with R2=0.53. In other words, x% of productivity loss 

resulted in (1-(1-
x

100
)1.4) ×100% of total ES value loss.  
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Figure 18. Relationship between productivity (P, kg/m2/yr) and total ecosystem service value (V, 2007$/ha/yr) per biome. Bars 

show the range of productivity and the total value of ecosystem services per biome based on Whittaker (1975) and De Groot et 

al. (2012), respectively. The black dashed line is a regression of ecosystem services from Costanza et al. (2014) an the geometric 

mean of productivity based on literature listed in Table A6. 

 

3.6.3. Application of derived relationships 

The relationships between msPAF(HC50) and diversity, between diversity and productivity in terrestrial ecosystems, 

and between productivity and total ES value were combined. Consequently, an x% of msPAF(HC50) implies an 

average reduction in total ES value (Vloss, %) of (Figure 19): 

 

Vloss,avg= (1-(1-
msPAF(HC50)

100
)0.49) ×100 

(23.1) 

with minimum ES loss of 

Vloss,min= (1-(1-
0.04×msPAF(HC50)

104-msPAF(HC50)
)1.4) ×100 

(23.2) 

and maximum ES loss of 

Vloss,max=(1-(1-
msPAF(HC50)

100
)1.4) ×100 

(23.3) 

 

As an outcome of the complete set of assessment steps, 1% of msPAF(HC50) was estimated to correspond to on 

average 0.5 (minimum-maximum: 0.05-1.4) % of total ES value loss. Chemical mixtures in sediments of Waal-Meuse 
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estuary and all waterways in Flanders would reduce 9.5 (1.2-24.9) % and 19.4 (2.9-46.0) % of total ES value, resulting 

in an ES loss of 0.3-5 and 0.6-10 thousand 2007$/ha/yr, respectively (Table 11). 

Figure 19. Relationship between multi-substance potentially affected fraction of species (msPAF(HC50), in %) and total ecosystem 

service (ES) value loss (in %). The average, minimum and maximum toxic pressure impacts on total ES value loss are shown in solid 

blue, green and red curves, respectively. Sediment sampling sites are shown in different shapes. 

 

Table 11. Total loss of ecosystem service value (in 2007$/ha/yr) due to chemical pollution in the Waal-Meuse estuary and Flemish 

waterways 

Site 
msPAF(HC50) 

(%)a 

Productivity loss 

(%)b 

Total ES loss 

(%)b 

Total ES value 

(2007$/ha/yr)c 

Total ES loss 

(2007$/ha/yr)b 

The Waal-Meuse estuary 18.5 (± 6.3) 6.9 (0.9-18.5) 9.5 (1.2-24.9) 
21023 (±7095) 

2005 (255-5242) 

Flemish waterways 35.6 (± 21.1) 14.3(2.1-35.6) 19.4 (2.9-46.0) 4078 (611-9679) 
a The average mixture toxic pressure (± 1 standard deviation) in each site. 
b The average value (minimum-maximum). The range only reflects the conversion from diversity to productivity based on the 

average mixture toxic pressure.  
c The geometric mean (± 1 standard deviation) of ecosystem services provided by lakes/rivers, estuaries and swamps/floodplains 

based on Costanza et al. (2014).  
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4. Discussion 
In the present study, we linked sediment monitoring in Flanders and the Netherlands with modelling to explain the 

differences between chemical, toxicological and ecological indicators. Based on different methods, we converted 

total sediment concentrations to total water levels. The sum of the toxic unit of all substances for a given species at 

the E(L)C50 level was calculated and was compared to measured survival in lab assays. We also estimated the multi-

substance potentially affected fraction (msPAF) of the aquatic community and compared these msPAF values to 

measured macrofauna abundance in field inventories. Additionally, a novel methodology was proposed and applied 

to extend toxicological endpoints (i.e. msPAF) to ecosystems services that appeal to water managers and policy-

makers. The traditional sediment quality TRIAD approach has been accepted on an international scale as the most 

comprehensive approach (Den Besten et al., 1995, Chapman and McDonald, 2005). However, the TRIAD approach 

requires intensive laboratory and field measurements without providing a cause-and-effect relationship linking 

chemical concentrations to adverse biological effects. In order to understand and better predict the changes, we 

compared and interpreted chemical, toxicological and ecological monitoring across countries, authorities and 

systems using the extended version of the OMEGA model. In the following sections, we discuss the implications of 

our results on the application of risk assessment tools in water and sediment management. 

 

4.1 Chemical, toxicological and ecological relationships 
This study presents the results of a comprehensive data analysis of mixture pollution information on sediments, 

exploring multiple aspects of exposure and impacts for both lab organisms and field species. The obtained results, 

suggesting the presence of mixture impacts and the relative contributions of individual chemicals to those effects, 

are discussed in a stepwise manner. 

Correlations among chemicals. The correlation coefficients showed that chemicals within the same chemical group 

(i.e., metals, PAHs and PCBs) were significantly positively correlated. This pattern was also observed in De Lange et 

al. (2004). These correlations probably reflect that the contaminants in the same group originate from common 

emission sources and are likely co-emitted as mixtures (Von der Heyden and New, 2004). Such information is 

relevant for understanding impacts at the (subgroup) mixture level as well as for management where a dominant 

chemical group can be identified and regulated at the common source.  

Chemical analysis toxicological assays. The OMEGA model was used to predict ecotoxicological impacts of 

contaminants based on the indicators TU, msPAF and ES. The methods were based on the definitions by Malaj et al. 

(2014) for the water phase, focusing on impacts for specific test species (TU) and the species assemblage (PAF and 

msPAF). Based on standard correction of bioavailability, we estimated the potential toxicity (i.e. TU) at the E(L)C50 

level of sediment contamination to D.magna and H. azteca. The results indicated that D.magna and H. azteca, 

exposed to samples from the various rivers (branches) were likely most affected by metals (Figure 5 and 7). The sum 

of TUs of all substances was repeatedly less than 1 (Figure 6 and 8). In Spain, ΣTUs at the EC50 level varied between 

nearly 0 and 5 with large contributions of organophosphate pesticides not analysed in our study (de Castro-Català et 

al., 2016). 

Chemical analysis and ecological surveys. We calculated an average msPAF of 18.5% at the HC50 level in the 

Netherlands (Table 8), close to a median of about 20% estimated using a much smaller toxicity database (Posthuma 

and de Zwart, 2012). Apparently, the increase of the number of substances covered by toxicity data did not lead to 

substantially higher msPAFs. The relationship between msPAF and macrofauna species richness in the field was 

generally poor (Figure 15). Yet, the fraction of species affected by a >50% abundance change in the field was 

proportional to the potentially affected fraction msPAF calculated from measured concentrations and toxicity 

databases (Posthuma and de Zwart, 2012). In addition, the ecological status of European rivers was demonstrated to 

increase with a decrease of msPAF (Posthuma et al., 2020). Such correlations are increasingly underpinned by 

mechanistic approaches, relating msPAF to mean species abundance (MSA) and field occurrences (Hoeks et al., 2020, 

Thunnissen et al., in preparation) 
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Bioassay calibration of toxic units. As the standard solid-water partitioning Ksw does not evidently consider 

bioavailability and chemical speciation in various physicochemical properties, we focused on refining methods to 

quantitatively explain and estimate toxicity from sediment bioassays of a given species. 

Hyalella azteca. The relationships between TU and measured effects in lab assays improved substantially (up to 

r2=90%) by a detailed analysis of chromium, and ammonia availability and toxicity. For H. azteca, the final analyses 

best elucidated the toxicity of sediments in Flanders and entailed satisfactory predictions with heavy metals and 

NH4/NH3 dominating the TU (Figure 9 and 10). Although Cr and NH4/NH3 are toxic on their own, the higher explained 

variance obtained from the calibrated analysis can be understood from physicochemical interactions between Cr 

and NH4/NH3 (Figure 20). Depending on pH, NH3 volatilises (NH4
+ → NH3(↑) + H+), producing acid. NH4

+ 

concentrations are linked to pH (nitrification) and O2 (eutrophication). A drop in pH solubilises CrIII(s) (Rifkin, 2004). 

Moreover, acid can increase the toxicity of CrVI (Reynolds and Zhitkovich, 2007, Abbasi et al., 2009). By adding a 

proton to CrO4
2- (HCrO4

-) increases it oxidation potential (Palmer, 1994, Takeno, 2005) ((6) in Figure 20). Apart from 

pH, NO3
- and other non-endemic ions (e.g. ~80 mg/L SO4

2- in EPA medium) can solubilize ((7) in Figure 20) Cr3+ and 

hence, indirectly CrO4
2- (Equation 7). The high solubility of CrIII(NO3

-)3, 8.1⋅108 µg/L (compared to 29-76 µg/L or <0.01 

µg/L for CrIIICl3 and CrIII
2O3, respectively) might contribute to the apparent higher toxicity of Cr (Wilbur, 2012). NO3

- 

(and PO4
2-, SO4

2-) can desorb CrO4
2- via ion exchange ((8) in Figure 20). There was little room to characterise the 

residual variance in H. azteca mortality (Figure 11E) in terms of additional exposure or detailed speciation 

calculations (i.e. WHAM transfer functions).  

 

 
Figure 20. Simplified schematic of chromium chemistry as affected by sediment constituents. Cat denotes clay- or microorganism-

based catalysis. Green arrows imply positive feedback.  

Heterocypris incongruens. For H. incongruens, the standard error of model prediction (Figure 13) is lower than 

similar modelling for H. azteca. This is likely related to a better-defined testing system and lower physical or 

metabolic complexity of the organism (De Deckere et al., 2000). The average toxic pressure for H. incongruens is 

comparable to that for H. azteca. Both initial and calibrated TU analysis support our hypotheses that NH3, along with 

heavy metals, dominate the effects on H. incongruens. Yet, in contrast to H. azteca, CrO4
2- did not appear to 

contribute to the apparent toxicity. Instead, organotins (TBT) appeared significantly more toxic to H. incongruens 

probably due to endocrine activity of TBT in crustaceans, in particular interactions with the ecdysteroid receptor – 

retinoid-X receptor dimer (CrcEcR-CrcRXR) complex (Verhaegen, 2012, Parmentier et al., 2019). The analysis also 

shows that the mixture of organotins, NH3 and HPO4
2- acts distinctly towards H. incongruens, which is partially 

interpreted as a bioconcentration effect.  

In terms of phosphorous-tin interaction, extraction of organotins from sediment co-extracts phosphorus 

compounds (Staniszewska et al., 2008). Plants absorb phosphate; ostracods feed on dead/living plants. Thus, the 

influence of sediment’s organic phosphate on the distribution of TBT in ostracods may relate to dietary assimilation 

via periphyton (Li et al., 2012, Yavuzatmaca et al., 2017). Prominently, H. incongruens accumulates HPO4
2-, hence 

TBT, via molting. Additionally, the TPT+ cation sorbs of the onto liposomes via complex formation with phospholipids 
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(Hunziker et al., 2001). Guanosine-5-monophosphate (G-5-MP) most efficiently forms a competitive organotin 

complex (Shoukry et al., 2014);  as an essential enzyme for cell growth, G-5-MP kinase converts GMP to GDP. 

Therefore, the interactions with phosphate compounds indicates an effective bioconcentration larger than based on 

thermodynamic (hydrophobic) maximum ((1) in Figure 21).  

In terms of nitrogen-tin interaction, NH3/NH4 may be converted to NO2
-/NO3

- in the aerobic condition (Figure 21), 

which would be enhanced by bioturbation (Henriksen et al., 1983). Conversion to NO3
- could contribute to the high 

apparent 𝛾EC50-value of NH3 (Figure 21). NO3
- is likely not directly toxic, but metal-nitrates are well-soluble and thus 

bioavailable (Wilbur, 2012). Heavy metals may influence nitrification (Chovanec et al., 2012, Sangwan et al., 2015). In 

turn, nitrification and volatilization (NH4
+ → NH3(↑) + H+) affect pH. Changes in pH in sediment/ecotoxicity tests are 

therefore reported. Surplus H+ increases the cation concentration and interactions of the TBT metal-type behaviour 

by complex formation with ligands in phospholipids and proteins (Strand and Jacobsen, 2005, Parmentier et al., 

2019) ((2) in Figure 21). NO3
- and SO4

2- (also in EPA medium) may solubilise organotins. In addition, the relative 

concentrations of NH₄ and metals may influence the uncoupling of mitochondrial oxidative phosphorylation. 

 

 
Figure 21. Simplified schematic of interactions between sediment constituents affecting bioassay toxicity. Green and red arrows 

denote positive and negative effects on H. incongruens growth, respectively. According to De Deckere et al. (2000), O2 ought to 

remain ≥60% during bioassays. 

 

Redundancy analysis. The ultimate goal of environmental assessment is to provide meaningful information on the 

impacts of chemical pollution in the field and to support management by identifying the most problematic sites and 

chemicals. Hence, the RDA-study was undertaken to explore associations between predicted and observed impacts. 

According to the RDA, only about 18% variance of species assemblage can be explained by the measured chemicals. 

The results indicate that the variance in species assemblage explained the variability in chemical exposure 

concentrations to a limited extent, but the effects are not negligible. A previous study showed a similar pattern. De 

Lange et al. (2004) found that the sediment pollution was the second important factor to explain the variance in the 

benthic community for a study area, while the most important factor was the habitat characteristics (33%). 

Predation pressure also appeared to have a specific influence (5%) on community structure. Hence, next to the 

analysis of chemical mixture effects, the inclusion of multiple stress factors is warranted for understanding impacts 

of humans on ecosystems.   
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4.2 Sediment pollution impacts on ecosystem services 
So far, the impacts of sediment pollution on a broad range of ESs have not been assessed. Therefore, we proposed a 

novel methodology for assessing the impacts of chemical mixtures in sediments on ESs using a stepwise approach, 

based on msPAF(HC50)-diversity-productivity-total ES values relationships. The feasibility and potential utility of the 

methodology was illustrated by an application to chemical pollution in Dutch and Flemish sediments. Such an 

economic output could be a necessary component in the cost-benefit analysis regarding waterquality improvement 

measures. The present study is, to our best knowledge, the first to derive and apply a holistic method to estimate 

changes in total ES values as a function of changes in chemical pollution indicator (i.e. mixture toxic pressure, 

msPAF). It should be noted that the derived relationships and the total ES loss estimate in the case study are 

tentative due to data limitations and uncertainties in each step. Below, we discuss the three main uncertainties of 

our study, i.e. the msPAF-diversity relationship, diversity-productivity relationship, and productivity-ES value 

relationship, respectively. 

The msPAF-diversity relationship. Toxicity is associated with the fraction of the chemical that is freely bioavailable 

(i.e. bioavailability), which was roughly approximated via the average binding capacity of metals. Besides, observed 

toxicity often relates to the different (speciation) forms chemicals can exist in (Vink, 2009). One possible solution for 

predicting the bioavailability and toxicity of metals in freshwaters is the Biotic Ligand Model (BLM), explaining the 

effect of water chemistry in metal toxicity (Merrington et al., 2016). However, we envision that a proportion of the 

variance in the msPAF per biome (Table 8 and 9) characterises uncertainty due to unknown speciation and 

bioavailability for the whole aquatic community. Additionally, while the ecological relevance of the SSD is being 

explored by comparisons with community indicators such as diversity (De Vries et al., 2010), relationships in 

sediments are generally weaker than those in surface water. We assumed a proportional diversity loss of taxa 

associated with an increase in toxic pressure (i.e. msPAF(HC50)). Yet, it is recommended to test this assumption by a 

comparison lab experiments and field studies for various mixtures of chemicals.  

Diversity-productivity relationship. Regardless of the inherent differences between terrestrial and aquatic 

ecosystems (e.g. phylogenetic diversity, ecological processes), diversity generally increases with ecosystem 

productivity, as reported in the present study (Figure 17). In the last few decades, the consequences of diversity loss 

have become a central issue in the field of ecological and environmental sciences, while experimental work has 

mainly been carried out in grasslands (Loreau et al., 2001). Early studies have explored two main classes of 

underlying mechanisms (while contradictory) indicating how diversity promotes productivity. ‘Complementarity 

effects’ refers to better performance in diverse communities due to niche partitioning and facilitation in shared 

resource use. ‘Sampling effects’ refers to an increased probability of including highly productive dominant species in 

more diverse communities. Our study suggested that a 1% diversity loss corresponds to on average 0.35 (0.04 – 1) % 

productivity loss. This result was consistent with the findings from Costanza et al. (2007), that a 1% change in 

diversity in warm ecoregions corresponds to a 0.173% change in productivity based on multiple regression analysis 

at the ecoregion scale in North America. Our study further suggested productivity could increase monotonically with 

diversity as P’ ~ D’θ (θ=0.34 in the study), as approximately 50 and 80% of productivity was still maintained at 15% 

and 50% of pristine species richness, respectively (Figure 17). The result of θ was consistent with that reported in 

other studies, ranging from 0.1 to 0.5 in algae, grasses, shrubs and trees (Liang et al., 2016, Duffy et al., 2017, Chen 

et al., 2018). 

However, it should be noted that the present quantitative diversity-productivity relationships were derived from 

evidence in terrestrial experiments. While our study showed similar quantitative diversity-productivity patterns in 

aquatic realms (freshwater, transitional and marine) and observational studies (Figure A1 in Appendices), 

uncertainties remain. For example, compared to terrestrial systems, aquatic systems are considered more complex 

due to multitrophic interactions, faster biological processes, greater propagule and material exchange, and often 

steeper physical and chemical gradients (Giller et al., 2004, Gamfeldt et al., 2015, Daam et al., 2019). As a result, the 

direct extrapolation of conclusions on diversity effects on productivity from terrestrial experiments might be limited. 

Besides, positive concave-up diversity-productivity patterns (i.e. exponential) were reported in two large-scale 

observational studies on deep-sea nematodes and coral reef fishes (Danovaro et al., 2008, Mora et al., 2011). The 
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loss of species is likely to affect the functioning of natural ecosystems more than would be expected from 

manipulation experiments (Mora et al., 2014). Therefore, given the differences between terrestrial and aquatic 

ecosystems and differences between experimental and observational studies, further study is still needed to 

improve our understanding of the mechanisms behind the diversity-productivity relationships across a range of 

ecosystems, or diversity-ecosystem functioning relationships in general. 

Productivity-ES value relationship. The differences in ES values between biomes could be generally explained by the 

differences in productivity, with higher productivity resulting in higher ES values (this study and others, e.g. Egoh et 

al. (2008)). Productivity as a proxy for ESs could therefore facilitate and simplify quantitative assessments of ESs, 

since productivity can be measured through remote sensing over space and time (Costanza et al., 2017). However, 

we consider our productivity-ES relationship as a necessary but still highly uncertain step in the approach (note the 

logarithmic axes for both variables in Figure 18). The total ES value for each biome on average varied two orders of 

magnitude due to the heterogeneity of original data in terms of valuation methods, ES terminologies, and socio-

economic characteristics in different locations and periods (De Groot et al., 2012). Besides, for most biomes, less 

than half of the total number of services (potentially 22 recognised services) were valued (De Groot et al., 2012). 

Consequently, the total ES value shown in Figure 18 is an underestimate of the economic importance of each 

biome/ecosystem. Moreover, the economic impacts of polluted sediments were estimated based on the average ES 

value provided by estuarine or freshwater ecosystems (lakes/rivers, estuaries, and swamps/floodplains). As 

sediments make up the bottom of these ecosystems, we envision that individual case studies (i.e. the original ES 

value) considered the essential ecosystem functions of sediments (e.g. habitat provision, flood protection). 

Nevertheless, in the absence of total ES value specifically for sediments, it is recommended to understand the broad 

roles of sediments as essential and dynamic components in ecosystems, and to evaluate the ecological benefits of 

sediments. 

To date, ES valuation tends to focus on individual estimates of specific ESs value for a particular biome or ecosystem 

at local or regional scales for uses such as urban land use planning and specific policy analysis. The individual ES 

estimates for each biome may reflect the interdependencies among ESs, biome types and valuation methods (Schild 

et al., 2018). On the other hand, the aggregation of ES values for (global) ecosystems or biomes is also necessary, 

especially in the case of raising awareness in decision-making processes where trade-offs exist (Costanza et al., 

2017). The aggregation of ES values is free from data limitations (e.g. explicit information on ecological and 

socioeconomic contexts), and is feasible to explore overarching principles. As such, the individual estimates for 

specific ESs at a local scale and the overall aggregated estimates to a larger scale could supplement each other, 

allowing for a more comprehensive understanding and assessment on importance of nature to human wellbeing. 

Overall, 1% of msPAF(HC50) was estimated to correspond to on average 0.5 (0.05-1.4) % of total ES loss. As our study 

is the first to assess chemical pollution impacts on ES values, a direct comparison of our methodology and results 

with other studies is difficult. However, ongoing studies corroborate that approximately one-third of the variability in 

the ecological status of European surface waters can be attributed to chemical mixtures (Posthuma et al., 2019a). In 

terms of the magnitude of adverse effects of chemical pollution on ecosystem health, our results are similar to those 

from Posthuma et al. (2019a). Our methodology could potentially serve as an additional risk assessment tool for 

informed decisions on water quality management, as the economic outcome is understandable to policymakers 

given the practical decision context. 

 

4.3 Recommendations and outlook 
In the present study, we analysed similarities and discrepancies between chemical, toxicological and ecological 

measurements and estimates of sediment pollution. These apparent inconsistencies have been theoretically 

attributed to the limited number of sites, substances, physical-chemical conditions, species, and endpoints covered 

so far (Chapter 1). From our analysis we conclude that: 

 

1. Data collection. Covering more samples, regions, water types, countries and species did not improve correlations. 



46 
 
2. Data treatment. Use of recent statistical techniques did not improve correlations. 

3. Chemical modelling. Estimations of concentrations in (pore-)water, using transfer functions rather than standard 

correction of sediment did not substantially improve relationships for the data set investigated. 

4. Ecotoxicological modelling. About 40-90% of the toxicity observed in single-species lab assays could be attributed 

to chemicals regularly monitored. The remaining differences (<10%) are likely caused by a) unidentified substances, 

such as organophosphates, b) differences in bioavailability and toxicity due to divergent physical-chemical 

conditions. For the latter, we showed that explained variability increased substantially (from 26% to 90%) by a 

refined speciation analysis and adaptation of LC50 values, most prominently for chromium, organotin, nitrogen and 

phosphor. Based on concentrations monitored, we calculated about 20-40% of the species to be affected by 

substances. As earlier attempts are in the same order, increasing the number of substances with toxicity values 

apparently did not make a difference. While we could not confirm correlations between PAF and species richness in 

multi-species field surveys, other studies showed estimated and measured fraction of species affected to be 

proportional to each other. Hence, we proceeded by providing, for the first time in chemical risk assessment, an 

outline for subsequently relating PAF to diversity, productivity and ecosystem services. 

Recommendations. To cost-effectively reduce emissions and remediate polluted sediments, one needs to know the 

substances and sites that contribute most to the fraction of individuals and species affected. In the present study, we 

developed and applied models to set the right priorities using chemical, toxicological and ecological monitoring 

across hundreds of sites across two countries. Based on this study, we recommend to: 

1. increase the number of chemical substances analysed and possibly the number of physical-chemical 

characteristics in monitoring programs. In particular, chromium, organotin and organophosphates as well as 

nitrogen might be included, and more should be included if additional tests confirm their increased contribution to 

effects. The physical-chemical characteristics measured did not improve relationships between concentrations and 

effects substances. However, additional characteristics not measured but demonstrated to be important in transfer 

functions might improve explanations. 

2. identify the locally most problematic substances and sites; 

3. cautiously extrapolate concentrations of chemicals to ecosystem services, empirically underpinning the steps 

outlined; 

4. assess water and sediment quality by implementing our approach in analyses tools used in water management. 

Management. To facilitate implementation of these recommendations by water management, the website 

https://www.ru.nl/environmentalscience/research/themes-0/human-environmental-risk-assessment-hera/models/ 

provides all underlying data, (beta-versions of) models used, scientific papers, links to related activities (e.g., on 

water rather than sediment) and videos, so far used in various projects. Specific information on the application in 

Sullied Sediment is available at  

https://www.ru.nl/environmentalscience/research/themes-0/human-environmental-risk-assessment-

hera/models/societal-applications-us/sullied-sediments/ 

We have organised and participated in workshops involving different stakeholders and assist in application and 

implementation by end-users. 

Research. The above-mentioned suggestions for research will be addressed in programmes for the 

SIMPLEBOX/TREAT and OMEGA models linking chemical emissions to ecological and health effects (See same 

websites). 
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5.  Conclusions 
The North Sea region is one of the most densely populated areas worldwide, encompassing catchments of several 

large rivers. Sediment pollution has become problematic for navigation, nature development and other 

interventions in this region. Over the years, risks have been assessed in different ways. Well-standardised chemical 

detection techniques allow comparison across systems. By contrast, toxicological assays are not routinely applied, 

involve region-specific testing procedures and include a few species only. Ecological surveys differ even more across 

regions and over time. Consequently, we aimed to compare and interpret chemical, toxicological and ecological 

monitoring across countries, authorities and systems based on frequently used modelling tools linking chemical 

concentrations to biological effects. 

Monitoring data were obtained from programs carried out in Flanders and the Netherlands. Based on different 

approaches, we converted total sediment concentrations to pore water levels. We subsequently translated water 

concentrations to effects using a database on median effect concentrations (LC50, EC50 and HC50) of 12836 

chemicals. The sum of the toxic units TU = ΣC/LC50 of all substances for a given species was calculated and compared 

to measured survival in lab assays, indicating that 40-90% of the toxicity could be explained by the substances 

identified. The explained variation increased from 20% to 90% by fitting chromium, tin, ammonia and phosphate 

availability and toxicity to field data. We also computed the multi-substance Potentially Affected Fraction at the 

HC50 level (msPAF(HC50)) and compared this to measured macrofauna abundance from field surveys. For the first 

time, chemical concentrations were subsequently extrapolated to diversity, productivity and ecosystem services. 

Based on this study we recommend to 1) add other sediment characteristics and chemical substances to monitoring 

programmes and to use our models for 2) selecting problematic substances and hotspots, 3) extrapolating to 

diversity, productivity and ecosystems services providing additional empirical underpinning 4) implement our 

approach in tools for water and sediment quality assessment based on monitoring data. Implementation of these 

recommendations is supported by outreach involving end-users and by addressing model improvement in our 

SIMPLEBOX/TREAT and OMEGA research programs. 
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10.   Appendices/Supporting info 
Tables 
Table A1. Toxicity data applied in the present studya. 

Chemical TMoA EC50 (μg/L)b β 

Cd Cadmium 2.91  1.13  

Hg Mercury 2.26  0.98  

Cu Copper 2.26  0.70  

Ni Nickel 3.38  1.17  

Pb Lead 3.55  0.78  

Zn Zinc 3.22  0.78  

Cr Chromium 3.89  1.09  

As Arsenic 3.39 0.86  

Ace PAH 2.96  0.44  

Acy PAH 3.20  0.70  

Ant PAH 1.27  0.81  

B(a)P PAH 1.48  0.70  

B(a)A PAH 0.57  0.70  

B(b)F PAH 0.62  0.70  

B(ghi)P PAH -0.33  0.70  

B(k)F PAH 0.97  0.70  

Chr PAH 3.10  0.70  

Db(a,h)A PAH 0.04  0.70  

Phen PAH 2.67  0.45  

Flah PAH 2.13  1.02  

Flu PAH 3.38  0.78  

INP PAH 1.08  0.70  

Naph PAH 3.62  0.48  

Pyr PAH 1.95  0.70  

DDD OCP 1.29  1.22  

DDE OCP 1.92  1.44  

DDT OCP 1.40  1.09  

Dieldrin OCP 1.37  1.03  

Endrin OCP 0.48  1.03  

Aldrin OCP 1.72  1.11  

Endosulfan I OCP 0.85  1.60  

α -HCH OCP 3.14  0.43  

β-HCH OCP 2.93  0.35  

Lindane OCP 2.07  1.05  

HCBD OCP 2.61  0.52  

Heptachlor OCP 1.39  0.94  

Telodrin OCP 3.35  0.70  

HCB OCP 2.90  1.50  

PeCBz OCP 2.99  0.71  

PCB101 PCB 1.44  0.76  

PCB118 PCB 1.44  0.76  

PCB138 PCB 1.44  0.76  
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PCB153 PCB 0.11  0.70  

PCB180 PCB 1.44  0.76  

PCB28 PCB 2.20  0.70  

PCB52 PCB 1.48  0.70  
a TMoA= toxic mode of action, PAH= polycyclic aromatic hydrocarbons, OCP= organochlorine pesticides, PCB= 

polychlorinated biphenyls. 
b Values are log-transformed. 
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Table A2. Experimental evidence for relationships between diversity and productivity in terrestrial ecosystems. 

Reference Ecosystem type Type of diversity Ecosystem property measured 
Biomass/ 

productivity 
Direction  Function form 

Bullock et al. (2001)  Grassland Species richness Hay production Biomass Positive Linear 

Hooper and Vitousek (1997)  Grassland Functional group richness Aboveground biomass Biomass Positive Log-linear 

Dukes (2001)  Grassland Species richness Aboveground biomass Biomass Positive M-M 

Mulder et al. (2001)  Forest Species richness Aboveground biomass Biomass 0 - 

Symstad et al. (1998)  Grassland Species richness Aboveground biomass Biomass Positive M-M 

Kenkel et al. (2001)  Grassland Species richness Aboveground biomass Biomass 0 - 

Naeem et al. (1995)  Grassland Species richness Mean biomass Biomass Positive Log-linear 

Tilman et al. (1996)  Grassland Species richness Total plant cover (%) Biomass Positive M-M 

Troumbis et al. (2000)  Grassland Species richness Aboveground biomass Biomass Positive Log-linear 

Fridley (2002)  Grassland Species richness Aboveground biomass Biomass Positive Log-linear 

Stevens and Carson (2001)  Grassland Species richness Total plant cover (%) Biomass Positive - 

Wilsey and Potvin (2000)  Grassland Species richness Total biomass Biomass Positive Linear 

Tilman et al. (1997)  Grassland Species richness Aboveground biomass Biomass Positive M-M 

Tilman et al. (1997)  Grassland Functional group richness Aboveground biomass Biomass Positive M-M 

Fridley (2003)  Grassland Species richness Aboveground biomass Biomass Positive Log-linear 

Mikola et al. (2002)  Grassland Species richness Aboveground biomass Biomass Positive Linear 

Van Ruijven and Berendse (2003)  Grassland Species richness Aboveground biomass Biomass Positive Log-linear 

van Ruijven and Berendse (2005)  Grassland Species richness Aboveground biomass Biomass Positive Log-linear 

Caldeira et al. (2001)  Grassland Species richness Aboveground biomass Biomass Positive - 

He et al. (2005)  Grassland Species richness Aboveground biomass Biomass Positive Linear 

He et al. (2005)  Grassland Species richness Total biomass Biomass Positive Linear 

Pfisterer and Schmid (2002)  Grassland Species richness Aboveground biomass Biomass Positive Log-linear 

Callaway et al. (2003)  Ruderal/salt marsh Species richness Total biomass Biomass Positive Linear 

Hector et al. (1999)  Grassland Species richness Aboveground biomass Biomass Positive Log-linear 

Hector et al. (1999)  Grassland Functional group richness Aboveground biomass Biomass Positive Linear 

Dimitrakopoulos and Schmid (2004)  Grassland Species richness Aboveground biomass Biomass Positive Log-linear 

Lanta and Lepš (2006)  Grassland Species richness Aboveground biomass Biomass Positive - 

Lanta and Lepš (2006)  Grassland Functional richness Aboveground biomass Biomass Positive - 

Spehn et al. (2005) Grassland Species richness Aboveground biomass Biomass Positive - 

Spehn et al. (2005)  Grassland Functional group richness Aboveground biomass Biomass Positive - 
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Mellinger and McNaughton (1975)  Grassland Species richness Total net productivity Biomass 0 - 

Wilsey and Polley (2004)  Grassland Species richness Aboveground biomass Biomass Positive - 

 

Table A3. Experimental evidence for relationships between biodiversity and productivity in aquatic ecosystems. 

Reference Ecosystem function Specific taxon Type of diversity Ecosystem property measured 
Biomass/ 

productivity 
Direction Function form 

Arenas et al. (2009)  Primary production Macroalgae Species richness Max NPP Productivity Positive Log-linear 

Bruno et al. (2005)  Primary production Macroalgae Species richness Algal biomass Biomass Positive M-M 

Boyer et al. (2009)  Primary production Macroalgae Species richness Algal biomass Biomass Positive - 

Griffin et al. (2009)  Primary production Macroalgae 
Functional group 

richness 
Net primary productivity Productivity Positive Linear 

Engelhardt and Ritchie 

(2001)  

Primary production Macrophyte Species richness Algal biomass Biomass Positive M-M 

Weis et al. (2008)  Primary production Algae Species richness Algal biomass Biomass Positive - 

Naeem et al. (2000)  Primary production Algae Species richness Algal biomass Biomass Positive Linear 

Downing and Leibold 

(2002)  

Primary production Trophic structure Species richness Phytoplankton biomass Biomass Positive M-M 

Engelhardt and Kadlec 

(2001)  

Primary production Macrophyte Species richness Aboveground biomass Biomass Positive - 

Gamfeldt et al. (2005)  Primary production Algae Species richness Algal biomass Biomass 0 No 

Zhang and Zhang (2006)  Primary production Algae Species richness Algal biomass Biomass 0 No 

Harvey et al. (2013)  Secondary production 
Benthic 

macrofauna 

Functional group 

richness 
Macroalgae consumption Biomass Positive M-M 

Langenheder et al. 

(2010)  

Secondary production Prokaryotes Species richness 
Metabolic activity (substrate 

oxidation) 
Productivity Positive M-M 

Pusceddu et al. (2014)  Secondary production Benthic meiofauna Species richness 
Prokaryotic heterotrophic 

production 
Productivity Positive Linear 

Emmett Duffy et al. 

(2003)  

Secondary production Grazer Species richness Grazer biomass Biomass Positive Linear 

Norberg (2000)  Secondary production Zooplankton  Species richness phytoplankton per capita Productivity 0 No 

Duffy et al. (2001)  Secondary production Grazer Species richness Eelgrass biomass Biomass 0 No 

Duffy et al. (2001)  Secondary production Grazer Species richness Epiphyte biomass Biomass 0 No 
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O’Gorman et al. (2008)  Secondary production 
Benthic 

macrofauna 
Species richness Total invertebrate biomass Biomass Positive - 

 

Table A4. Observational evidence for relationships between biodiversity and productivity. 

Reference Ecosystem type Specific taxon Type of diversity 
Ecosystem property 

measured 

Biomass/ 

productivity 
Direction Effect form 

Danovaro et al. (2008)  Marine (deep sea) 
Benthic meiofauna 

(Nematode) 
Functional richness 

Prokaryote C 

production 
Productivity Positive  Power (b>1) 

Danovaro et al. (2008)  Marine (deep sea) 
Benthic meiofauna 

(Nematode) 
Functional richness Faunal Biomass Biomass Positive  Power (b>1) 

Duffy et al. (2016)  Marine Reef fish Species richness Fish biomass Biomass Positive  
Power 

(0<b<1) 

Mora et al. (2011)  Marine Reef fish Functional richness Standing biomass Biomass Positive  Power (b>1) 

Thompson et al. (2015)  Lake (temperate) Zooplankton Functional richness Zooplankton biomass Biomass Positive  Log-linear 

Thompson et al. (2015)  Lake (temperate) Zooplankton Species richness Zooplankton biomass Biomass Positive  Unimodal 

Zimmerman and Cardinale 

(2014)  

Lake (temperate) Phytoplankton Species richness Total algal biomass  Biomass Positive  
Power 

(0<b<1) 

Troumbis and Memtsas 

(2000)  

Shrubland Cistus shrublands Species richness Total biomass Biomass Positive  Linear 

Gamfeldt et al. (2013)  Forest (temperate) Tree Species richness 
Tree biomass 

production 
Productivity Positive  Unimodal 

Grace et al. (2016)  Grassland Herbaceous plants Species richness 
Above-ground 

productivity 
Productivity Positive  

Power 

(0<b<1) 

Jing et al. (2015)  Grassland (alpine) Plants Species richness 
Ecosystem 

multifunctionality index 
- Positive  Log-linear 

Maestre et al. (2012) Dryland Plants Species richness 
Ecosystem 

multifunctionality index 
- Positive  - 

Ruiz-Benito et al. (2014)  Forest (temperate) Tree Functional richness Tree productivity Productivity Positive  M-M 

Tylianakis et al. (2008)  Grassland Plants Species richness Belowground biomass Biomass Positive  Linear 

Vilà et al. (2013)  Forest Tree Species richness Wood production Productivity Positive  - 

Watson et al. (2015)  Forest Tree Species richness Stand productivity Productivity Positive  M-M 

Zhang et al. (2012)  Forest Tree Species richness Ln (effect size) Productivity Positive  M-M 

Poorter et al. (2015)  Forest (Tropical) Tree Species richness Aboveground biomass Biomass Positive  Linear 
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Delgado-Baquerizo et al. 

(2016) 
Dryland Bacteria Species richness 

Ecosystem 

multifunctionality index 
- Positive  Linear 

Delgado-Baquerizo et al. 

(2016)  

Dryland Fungi Species richness 
Ecosystem 

multifunctionality index 
- Positive  Linear 

Zhang et al. (2017)  Grassland Vascular plants Species richness Aboveground biomass Biomass Positive  Linear 

Zhang et al. (2017)  Grassland Vascular plants Functional richness Aboveground biomass Biomass Positive  Linear 

Vilà et al. (2003)  Forest Tree Species richness Wood production Productivity 0 - 

Mellinger and 

McNaughton (1975)  

Forest Tree Species richness Total net productivity Productivity 0 - 
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Table A5. Summary of total monetary values of ecosystem services per biome reported in literatures (values in 2007$ 

ha-1yr-1) 

 Costanza et al. (1997)  De Groot et al. (2012)  Costanza et al. (2014)  

Open ocean 
347.76  

(1,8,11,13-14,17) 

491 

(2,13-16) 

660  

(2,8,11,13-16) 

Estuaries 
31508.16  

(3,8,11-14,16-17) 

28917 

(2,6,12-17) 

28917 

(2,6,12-17) 

Seagrass/Algae beds 
26225.52  

(8,14) 

28917 

(2,6,12-17) 

28917 

(2,6,12-17) 

Coral reefs 
8383.5  

(3,9,11-14,16-17) 

352915 

(2,3,6,9,12-17) 

352249 

(2,3,6,9,11-17) 

Shelf 
2221.8  

(8,11,13-14,17) 

2221.8  

(8,11,13-14,17) 

2221.8  

(8,11,13-14,17) 

Lakes/Rivers 
11727.24  

(4,5,9,13,16) 

4267 

(5,13,16) 

12512 

(4,5,9,13,16) 

Tropical forest 
2769.66  

(2-9,13-17) 

5264 

(1-3,5,8,10-16) 

5382 

(1-17) 

Temperate/Boreal forest 
416.76  

(2,4,7,9,11,13-14,16-17) 

3013 

(2,5,8,11-14,16-17) 

3137 

(2,4-5,7-9,11-14,16-17) 

Grass/Rangelands 
320.16  

(1-2,4,6-7,9-11,13,15-16) 

2871 

(2,5,6,9,12-17) 

4166 

(1-2,4-7,9-17) 

Tidal marsh/Mangroves 
13786.2  

(3,9,12-14,16) 

193845 

(2-3,5-6,8-9,12-16) 

193845 

(2-3,5-6,8-9,12-16) 

Swamps/Floodplains 
27020.4  

(1,3-5,9,12-14,16-17) 

25682 

(2-6,8-9,11-17) 

25682 

(2-6,8-9,11-17) 

Numbers in parentheses show the ecosystem services included in respective study: 1=gas regulation, 2= climate 

regulation, 3=disturbance regulation, 4=water regulation, 5=water supply, 6=erosion control, 7=soil formation, 

8=nutrient cycling, 9=waste treatment, 10=pollination, 11=biological control, 12=habitat/refugia, 13=food production, 

14=raw materials, 15=genetic resources, 16=recreation, 17=cultural.  

 

Table A6. Mean values of productivity per unit area per biome reported in literatures (values in kg/m2/yr). 

 
Whittaker 

(1975)  

Bolin et al. 

(1979) 

Chen et al. 

(2018)  

Del Grosso et 

al. (2008)  

(Mori (2018)) 

Open ocean 0.125 0.125    

Estuaries 1.5 1.5    

Seagrass/Algae beds 2.5 2    

Coral reefs 2.5 1    

Shelf 0.36 0.36    

Lakes/Rivers 0.25 0.4    

Tropical forest 1.9 2 2.35 0.87  

Temperate/Boreal forest 1.1 1 1.14 0.55 1.06 

Grass/Rangelands 0.6 0.8    

Tidal marsh/Mangroves 2 3    

Swamps/Floodplains 2 3.5    

Cropland 0.65     
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Figures 
 

Figure A1 Proportions of studies with positive (+) and neutral (0) diversity effects on biomass production in terrestrial 

(green) and aquatic (blue) ecosystems based on experimental (A) and observational studies (B) listed in Table A2-A4 in 

Appendices. Insets show proportions of studies with different mathematical function forms of the diversity-productivity 

relationship in experimental (A) and observational studies (B) respectively. M-M represents the Michaelis-Menten 

function. Numbers inside bars represent the number of studies in each category. 
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